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Abstract 
Soft-sediment coastal ecosystems are important sites for a multitude of ecosystem 
functions, including primary production, organic matter recycling and nutrient 
processing.  Intertidal areas host an array of fauna and flora that can alter pathways 
and processes which underpin function, support higher food webs and ecosystem 
services.  Anthropogenic impacts on coastal areas are increasing in frequency and 
intensity.  One of the key pressures to New Zealand estuaries, and globally, is that 
of increased run-off from land.  This can cause eutrophication, which is the 
ecological response to increased nutrients.  Waihī Estuary, in Bay of Plenty, 
New Zealand, has been influenced by farming intensity, coastal development, and 
stream channelising, which has increased sediment and nutrient inputs recently and 
over the past 90 years; resulting in frequent algal blooms.  This thesis explores the 
effect eutrophication is having on ecosystem functioning along a gradient of change. 
 
Field sampling was carried out over summer 2018 and used space as a proxy for 
time, sampling seven sites over a naturally occurring eutrophication gradient.  
Solute exchanges (O2, NH4
+-N, PO4
3--P, NOx-N), were measured using benthic flux 
chambers over one tidal period.  At each site, environmental variables and the 
macrofaunal community were also quantified.  Biotic and abiotic drivers of function 
were examined firstly on a site by site basis, to gain resolution of fine scale flux 
dynamics.  Non-metric distance based linear models were then created to evaluate 
changes in function across the spectrum of sites using sequential tests where organic 
matter content was fitted first. 
 
Results from this study indicate increasing organic matter content was a major 
contributing factor to ecological shifts, cascading biotic and abiotic interactions, 
and feedback loops.  Increasing organic matter content increased sediment oxygen 
demand to the point of hypoxia (and potentially anoxia), particularly where algal 
mats (Gracilaria spp.) were present.  Gracilaria spp. seemingly capped the 
sediment, prevented light penetration and significantly influenced sediment oxygen 
consumption.  Photosynthetic efficiency (GPPchl a) also decreased with organic 
matter enrichment.  In association with increased sediment oxygen consumption, 
NH4
+-N and PO4
3--P showed a 2.6 and 2-fold increase in efflux (respectively) under 
dark conditions.  Redox pathways were altered as eutrophication increased and, 
 ii 
where oxygen was depleted, NOx-N was taken up by sediments and utilised as an 
electron acceptor. 
 
Organisms responded positively to organic enrichment to a point, but once this 
threshold was exceeded, taxonomic richness and individual abundance reduced.  
Although sediment variables explained the greatest proportion of variance in flux 
models across the gradient, key bioturbating species had disproportionate effects 
on solute exchanges.  These organisms were sensitive to changes in sediment 
conditions.  The New Zealand cockle Austrovenus stutchburyi and tellinid bivalve 
Macomona liliana were the first species to decline in response to eutrophication.  
A. stutchburyi increased NH4
+-N efflux, but declined in number with eutrophication, 
which simultaneously increased NH4
+-N efflux.  A burrow building polychaete, 
Ceratonereis spp. enhanced NOx-N uptake to sediments indicating nitrification-
denitrification coupling.  However the opportunistic amphipod Paracorophium spp. 
dominated site 4, where increased NOx-N efflux (though continuous burrow 
ventilation) indicated a potentially important species for ammonification and 
subsequent nitrification. 
 
This study demonstrates how changes in ecosystem functioning due to 
eutrophication can result in undesirable shifts within estuarine systems.  These 
changes are often difficult to remediate and can impede the services that estuaries 
provide. 
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1 Chapter One 
Introduction 
Marine soft sediment ecosystems are one of the most common environments on 
Earth, and include large expanses of intertidal area.  Hosting an array of organisms, 
estuaries are an intertidal buffer between the land, rivers and the open coast.  These 
highly productive ecosystems provide an array of important ecosystem functions 
that significantly contribute to the services estuaries provide (Barbier et al., 2011).  
Such services include fisheries, decontamination, protection from storm waves and 
recreation, as well as cultural services (Barbier et al., 2011; Barbier, 2016).  
New Zealand estuaries provide kai moana (sea food) collection sites for Māori who 
have strong associations with the whenua (land).  Therefore a degradation in the 
whenua can result in a degradation of Māori core beliefs (Marsden & Adkins, 2010). 
 
The functions that underpin the services humankind values are driven by the 
organism-sediment dynamics of benthic systems (Welsh, 2003; Hattam et al., 2015).  
Estuarine benthic fauna have significant influence on primary and secondary 
production, regulating phytoplankton biomass (and hence, turbidity), nutrient 
cycling, as well as providing a food source for higher trophic levels (Underwood & 
Kromkamp, 1999; Cloern, 2001; Lohrer et al., 2010).  A lot of the above process 
occur at the sediment-water interface, which is modified and extended through the 
lateral and vertical movement of macrofauna as they bioturbate the upper layers of 
sediment (Kristensen, 2000; Shull et al., 2009; Crawshaw et al., 2019).  This 
increases the area available for oxidative exchange, and in turn, influences the 
fluxes of nutrients to and from the sediment (Kristensen, 2000; Lohrer et al., 2004; 
Thrush et al., 2006). 
 
Anthropogenic impacts on estuarine environments are growing exponentially 
(Rabalais et al., 2014; Fuller et al., 2015).  Humankind has a reliance on coastal 
services, but are also impacting the processes that deliver them (O'Meara et al., 
2017).  Such processes are affected by the non-linear accumulation of multiple 
stressors that flow through networks of ecosystem functions, working in a 
conjunctional rather than individual nature (Adams, 2005; Thrush et al., 2008; 
Lohrer et al., 2011; O'Meara et al., 2017).  Attempting to tease apart these 
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interactions comes with inherent difficulty due to their complexity, non-linearity 
and both positive and negative feedback loops that change under certain 
environmental conditions.  Possibly one of the most pressing multi-stressors to 
consider however, is the overloading of nutrients to receiving environments. 
 
Over the past 150 years there has been a 10 fold increase in reactive nitrogen use, 
with anthropogenic activities (primarily farming intensification), accounting for 
more than twice the amount of reactive nitrogen (N) utilisation when compared to 
naturally occurring processes (Galloway et al., 2004; 2008).  This increases the 
potential for the mobilisation of N into rivers, which are now transporting up to six 
times more inorganic N than prior to the industrial revolution (Galloway & Cowling, 
2002).  All rivers eventually lead to marine receiving environments, where the net 
accumulation of N can have (and has had) negative impacts on marine systems 
(Bricker et al., 2008; Tay et al., 2013; Thrush et al., 2017).  Estuarine environments 
are particularly susceptible to nutrient enrichment as they are partially enclosed 
shallow bodies of water that are highly productive (Potter et al., 2010).  While N is 
not the only stressor to intertidal areas, it is amongst the greatest influences of 
globally accelerated anthropic change (Vitousek et al., 1997; Boesch, 2002). 
 
1.1 Eutrophication 
Defined by Nixon (1995) as the ecological response to an increased supply of 
organic matter and rate of primary production, eutrophication typically is the 
process of elevated nutrient addition, generally resulting in undesirable ecosystem 
changes.  Eutrophication is often seen through increased algal blooms, an altered 
sediment environment and a decrease in the abundance and diversity of the benthic 
community (Hale et al., 2016; Douglas et al., 2018).  In healthy estuarine systems 
both N and phosphorous (P) can be considered as limiting nutrients for plant growth 
(Conley et al., 2009b), varying spatially and seasonally.  Areas where fresh and salt 
water mix tend be P limited, and summer months are associated with N limitation, 
while months leading up to summer are generally P limited (Conley, 1999; 
Blomqvist et al., 2004). 
 
Positive aspects of nutrient inputs are seen by an increase in the rate of primary 
production, which has cascading bottom-up effects on the food chain (Paerl, 2006).  
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On the other hand, while systems can thrive with appropriate nutrient levels, there 
is a point whereby nutrients exceed the system’s capacity to process them, resulting 
in increased water column production (Rabalais et al., 2009).  The build-up of algae 
has negative implications for ecosystem functioning and services, as blooms shade 
photosynthetic organisms (influencing MPB production) and alter biogeochemical 
pathways (Nelson et al., 2015).  Subsequent algal bloom degradation can cause 
hypoxia (the biotic deficiency of oxygen) and ultimately anoxia (the absence of 
oxygen) which can change the redox pathway in the sediments and lead to hydrogen 
sulphide production (Bohorquez et al., 2013; Lyons et al., 2014; Nelson et al., 
2015).  Other processes that can cause eutrophication include – but are not limited 
to – changes in biological interactions (i.e. reduced grazing pressure) and system 
characteristics (stratification and circulation) (Rabalais et al., 2009; Cosme & 
Hauschild, 2017)  However, causes of eutrophication should not be thought of as 
eutrophication itself (Rabalais et al., 2009). 
 
The above processes can result in benthic fauna migration or mortality (Levin et al., 
2009).  When oxygen is lost, and sulphides are produced, the redox potential 
discontinuity layer (RPD; the transitional zone between oxic and anoxic sediment) 
is compressed closer to the sediment surface.  The seminal work by Pearson and 
Rosenberg (1978) showed that species diversity and individual abundance increases 
with initial organic matter enrichment, followed by a decline in diversity, where 
few opportunistic species then become incredibly abundant.  As organic content 
continues to increase, the opportunistic species rapidly decline, and species 
mortality becomes more pronounced.  However, organic matter is not the only 
factor that can impact benthic communities and tends to be correlated with other 
stressors. 
 
1.1.1 Multiple stressors 
While excess N and P are the main drivers of eutrophication, they are far from the 
only drivers acting as stressors on intertidal benthic ecosystems.  Using the 
definition that a stressor is any factor that adversely affects the fitness of individual 
organisms (Thrush et al., 2008), then species abundance and metabolic efficiency 
may simultaneously be affected by multiple natural and/or anthropic stressors 
(Thrush et al., 2008).  Nutrients, pollutants, sedimentation, hypoxia, and alterations 
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in hydrology and habitat are some stressors that can influence the capability of 
benthic organisms to function as an effective community (Adams, 2005).  Such 
stressors can have direct effects on resident biota (Fleeger et al., 2003), but 
multiples stressors do not always behave in a cumulative manner; instead occurring 
concurrently to increase or dampen stressor impacts (Ellis et al., 2015).  Thus direct 
effects of multiple stressors have the potential to impact broad ecosystem functions.  
 
Another dominant stressors in New Zealand estuaries is the alteration of sediment 
grain size through the process of sedimentation (Thrush et al., 2004).  The export 
of terrestrially derived sediment to the ocean has long been considered, and still 
remains a natural process.  However, in recent years it has been noted by Valiela et 
al. (2014); Fuller et al. (2015) that soil erosion from anthropogenic land use change 
(e.g. construction of roads, buildings; and livestock farming and logging practices) 
within coastal catchments increases terrestrial sediment loading to receiving 
environments.  Hence, terrigenous sediment is considered a disturbance to 
nearshore marine and estuarine environments (Lohrer et al., 2006).  Deposits of fine 
silts and clays further alter grain size distribution and ecosystem function through 
the clogging of pore space, and when suspended in the water column, accounts for 
80% of light variability (Pratt et al., 2014a; Pratt et al., 2014b).  With eutrophication, 
these stressors are interlinked, where for example, increased fine sediments are 
generally highly correlated with organic matter input (De Falco et al., 2004; 
Douglas et al., 2018).  High organic matter is often associated with increased algal 
blooms, which then have the potential to cause localised hypoxia (Nelson et al., 
2015). 
 
1.1.2 Hypoxia 
Hypoxia is the state of having insufficient dissolved oxygen (herein DO).  The 
underlying processes behind natural and/or anthropic hypoxia entail the biological 
oxygen demand exceeding the molecular oxygen diffusion from surface waters 
(Levin et al., 2009).  This process is generally attributable to an increased rate of 
microbial respiration, which is fuelled by the systems incapacity to utilise elevated 
photosynthetic carbon production driven by nutrient enrichment (Rabalais et al., 
2010).  However, defining the point at which hypoxia occurs has proven difficult.  
Vaquer-Sunyer and Duarte (2008) argue that the 55% of reports (see Vaquer-
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Sunyer & Duarte, 2008, Table S2 in Supporting Information) defining hypoxia as 
2 mg L-1 or approximately 30% DO saturation, are underestimating hypoxia onset 
for a large proportion of organisms.  Furthermore, organisms show variable 
tolerances to hypoxia, both physiologically and behaviourally (Gray et al., 2002), 
meaning the definition of hypoxia is less of a conventional oxygen threshold, and 
more of a realisation of the system being examined (Farrell et al., 2009). 
 
Literature is limited on how the effects of multiple stressors, as a result of 
eutrophication, interact to influence the function of estuarine systems.  Recent 
studies by O'Meara et al. (2017); Thrush et al. (2017); Douglas et al. (2018), 
amongst others, point toward measuring changes in community structure associated 
with multiple stressors through calculating nutrient exchange at the sediment-water 
interface.  Benthic flux (the exchange of nutrients to and from the sea floor) is 
governed by detrital sedimentation, subsequent decomposition, and the reciprocal 
to and from transportation of nutrients between the sediment and overlying waters 
via diffusion/advection, faunal activity and the microbial community (Herbert, 
1999).  Within sediment is an array of nutrient transformations that take place under 
differing sediment and biological conditions. 
 
1.2 Nutrient cycling 
1.2.1 Nitrogen 
Nutrient cycling in shallow water estuarine environments is a complex process, as 
many different physical, chemical and biological factors interact.  Figure 1.1 shows 
that N is subject to a number of multi-directional oxidation and reduction 
transformations, including ammonification, nitrification, nitrate reduction, 
denitrification, and anammox (anaerobic ammonium oxidisation) (Blackburn, 
1986).  Particulate organic nitrogen (PON) settles onto sediments from the 
overlying water column, and ammonia is released via a process termed 
ammonification (Herbert, 1999).  The quality and quantity of PON determines if 
ammonification follows a relatively simple deamination reaction, or a sequence of 
complex metabolic pathways (Herbert, 1999).  If the latter occurs, then 
ammonification metabolic pathways will include hydrolytic enzymes that break 
down nitrogen-containing polymers to sub-units of soluble monomers; making 
ammonium available for nitrification (Herbert, 1999).  Nitrification is a process that 
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requires oxygen, and as such, occurs in oxic sediment where oxygen readily 
diffuses to and from the water column (Figure 1.1).  Before fixed N can be removed 
(via denitrification or anammox), N must be converted to nitrite (NO2
-) or nitrate 
(NO3
-).  Nitrification is mediated by ammonia-oxidising bacteria (NH4
+) to NO2
-), 
and is then further oxidised to NO3
- by nitrate-oxidising bacteria (Henriksen & 
Kemp, 1988).  When nitrite and nitrate are buried into anoxic sediment through 
high organic loading and/or high sulphide oxidation rates, dissimilatory nitrate 
reduction to ammonium (DNRA) can occur (Burgin & Hamilton, 2007). 
 
DNRA microbially reduces NO3
- to NO2
-, which is then oxidised to NH4
+ 
(Dalsgaard et al., 2005; Jäntti et al., 2011).  However, this can be considered a 
harmful processes in terms of eutrophication, because compared to nitrate, 
ammonium is more bioavailable (Burgin & Hamilton, 2007). 
 
1.2.2 Denitrification pathways 
Once ammonium is available in anoxic sediments, the bacterially mediated process 
of anammox can occur, where ammonium and nitrite are used to form nitrogen gas 
(Burgin & Hamilton, 2007).  The anammox pathway of N removal remains 
relatively unknown, and other processes such as denitrification tend to be of greater 
significance in marine systems, are quantified more frequently, and better 
understood (Burgin & Hamilton, 2007).  Denitrification is important to remove 
nitrogen from estuarine and aquatic ecosystems, through regulating the quantity of 
N to primary producers, therefore providing a buffer against a eutrophic state 
(Falkowski et al., 1998; Teixeira et al., 2010).  Denitrification is the process of 
bioavailable, electron accepting nitrogen compounds (NO3
- and NO2
-) being 
anaerobically converted via heterotrophic bacteria to nitrogenous gasses (nitrous 
oxide; N2O and nitrogen gas; N2) (Teixeira et al., 2010).  These gases are then 
released into the atmosphere.  The removal of nitrogen through denitrification in 
estuaries accounts for 10 to 80%, thereby one of the greatest mechanisms of 
nitrogen removal from these systems (Nixon et al., 1996). 
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Figure 1.1: The biogeochemical nitrogen cycle in marine sediments, showing processes 
and chemical transformations forms involved. Figure adapted from Herbert (1999); and 
Stief (2013). 
 
1.2.3 Phosphorus transformations 
Phosphorus (P) in estuarine sediments follows similar patterns to N, in that P is 
contained in labile particulate organic matter (POM) from the overlying water 
column (Ruttenberg, 2014) and is either reactive or nonreactive (Paytan & 
McLaughlin, 2007).  Reactive P is generally biologically available in the water 
column, and found associated with organic matter, iron oxides, and authigenic 
materials (e.g. carbonate fluorapatite) (Delaney, 1998).  Nonreactive P in sediments 
derives from detrital material from the terrestrial domain (Paytan & McLaughlin, 
2007).  Burial of P therefore occurs with the burial of organic carbon or as P 
absorbed with iron oxyhydroxides (Delaney, 1998).  
 
In oxic sediments the majority of organic P is mineralised and precipitates as apatite, 
to be released as phosphate into pore waters and back into the water column 
(Anderson et al., 2001).  In anoxic sediment P undergoes a series of redox reactions, 
whereby the reduction of iron oxides results in the release of phosphate into pore 
waters (Sundby et al., 1992).  For the most part, organic matter delivered to the 
sediment-water interface undergoes regeneration to inorganic forms (Anderson et 
al., 2001).  For example, particulate inorganic P is the result of organic P that has 
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been remineralised and reprecipitated as calcium fluorapatite (Paytan & 
McLaughlin, 2007).  It is therefore evident that dissolved oxygen differentiates 
between nutrient cycling processes in the sediment, but dissolved oxygen (or rather 
the lack of), also has implications on an array of other estuarine functions. 
 
1.3 Ecosystem functioning 
Contributing to ecosystem function are the multitude of macrofaunal organisms 
existing in the upper few centimetres of sediment (Thrush et al., 2006).  Benthic 
fauna have adapted to their environment to create an overarching ecological unit 
which interacts on both vertical and horizontal spatial scales (Woodward, 1994; 
Meyer et al., 2015).  Fauna create a complex heterogeneous matrix of structure and 
function, and heterogeneity importantly results in robust ecosystems (Archambault 
& Bourget, 1996; Herman et al., 1999; Thrush et al., 2012)  Macrofauna, through 
their functional traits, assist in remineralisation and primary production and in turn 
influence the flux of nutrients to and from the sediment (Thrush et al., 2006; Shull 
et al., 2009; Crawshaw et al., 2019). 
 
The effects of bioturbation are seen at different scales, such as the disruption of the 
sediment and organic particle matrix, the transport of sediment, water turbidity, and 
community composition.  Modifications to benthic intertidal areas have the ability 
to alter pathways and rates of processes such as primary production, nutrient cycling, 
the redistribution of contaminants and pollutants, and organic matter 
remineralisation; all of which affect ecosystem functioning (Figure 1.2) (Lohrer et 
al., 2004; Webb & Eyre, 2004; Thrush et al., 2006). 
 
Bioturbators increase the area available for oxidative exchange, by extending the 
sediment-water interface (Needham et al., 2010).  For example, macrofaunal 
burrows act to increase the oxic sediment surface areas creating habitat for 
microorganisms.  They can also facilitate the translocation of particles to other 
reaction zones through the trapping and mixing of sediment (Botto & Iribarne, 
2000).  Bulldozing species disturb the top the top few centimetres of sediment by 
continually moving through sediment matrix (Lohrer et al., 2004; Needham et al., 
2010).  Bulldozing species increase the depth of oxygen penetration in a more 
uniform way than burrow builders and destabilise sediment through their movement; 
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therefore increasing the subduction of organic matter, stimulating pore water 
release and remineralisation (Lohrer et al., 2004; Needham et al., 2010).  Some 
species display functional-plasticity, that is, different sediment environments can 
change species behaviour and therefore alter their function (Wellnitz & Poff, 2001).   
 
Particular bioturbators can have disproportionate effects on their environment. 
Jones et al. (1994) developed the idea of ecosystem engineering, which refers to 
organisms that extensively alter the physical structure of their environment, 
therefore indirectly and/or directly modifying the availability of resources to other 
species.  However this does not necessarily mean that the engineers themselves are 
a resource to other organisms (Jones et al., 1994).  Two categories of ecosystem 
engineering exist.  These are autogenic, (where engineers modify themselves to 
provide habitat), and allogenic; engineers that transform both non-living and living 
matter from one state to another (Jones et al., 1994).  The extent to which pathways 
are altered is determined by the species present and their lifestyle mode and traits 
(Welsh, 2003).  Therefore, the different modes of bioturbation have an imperative 
role in determining the benthic flux of nutrients (Thrush et al., 2006). 
 
A related factor controlling nutrient cycling and benthic flux, is both the quality and 
quantity of in-situ OM (Boynton et al., 2018).  A high depositional rate of OM can 
result in incomplete decay of the labile OM by heterotrophic microorganisms before 
subsequent burial by benthic organisms (Herbert, 1999).  As, such there is 
establishment of a definitive biogeochemical zonation through sediment depth 
(Herbert, 1999).  It is this zonation that is disrupted by macrofauna, allowing for e- 
to be laterally distributed (Kristensen & Blackburn, 1987; Needham et al., 2010). 
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Figure 1.2: Benthic fauna altering multiple processes, including but not limited to, the 
sediment matrix, oxygen penetration, nutrient fluxes and organic matter cycling. 
 
1.4 Waihī Estuary 
Knowing the history of changes within catchments is important for understanding 
the impacts on the sedimentary and biological environment in estuaries.  This study 
was based in Waihī Estuary, Bay of Plenty, New Zealand.  
 
Waihī Estuary (37º 46’ S, 176º 28’ E) is a shallow embayment, with an area of 
approximately 2.4 km2 (Scholes, 2015; Suren et al., 2016).  The system almost 
completely drains at low tide, leaving only the main channel, which is fed by 
smaller freshwater catchment drainage channels.  Since 1926, channelisation of 
four main canals that lead into Waihī estuary, namely Whārere, Pukehina, 
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Kaikokopu and Pangakawa, has occurred to increase flow efficiency (Suren et al., 
2016).  Before this, the only catchment drainage into the system was via wetlands 
to the south of the estuary (Park, 2016).  The stream redirection and subsequent loss 
of wetlands resulted in contaminants (e.g. nutrients and sediments) bypassing an 
important filtration process.  Waihī Estuary is one of the smallest estuaries in the 
Bay of Plenty region but is the end point for waterways in the 365 km2 Pongakawa 
catchment (Suren et al., 2016).  The intensification of dairy farming in the 
Pongakawa catchment has resulted in elevated levels of faecal concentration in the 
estuary (Scholes, 2015).  The Bay of Plenty Regional Council reported the transport 
of high levels of nutrients and bacteria into the estuary (Suren et al., 2016).  
However, the better flushed parts of Waihī Estuary still appear to be relatively 
healthy, supporting shellfish beds that are regularly harvested by locals. 
 
1.5 Study objectives 
To date, there have been very few field studies that have examined the impacts of 
eutrophication across a gradient of change, which is important if we are to better 
understand ‘real world’ system dynamics.  The key objective of this study was to 
examine how the intertidal area of Waihī Estuary changes as we move from 
healthier to more impacted sites.  To do this, I used space as a proxy for time and 
sampled across the spatial extent of Waihī Estuary.  Changes in functioning 
associated with both sedimentary and macrofaunal drivers will give some insight in 
to how environmental degradation proceeds as eutrophication pressures increase.  I 
wish to identify what functional shifts occur as degradation increases and what 
explanatory variables exert the most control over solute exchanges. 
 
My key goals are therefore: 
 
− To determine how the sediment environment varies across the gradient and 
if this alters the macrofaunal community structure. 
− To investigate the small-scale differences in ecosystem function along the 
gradient and what drives site level change. 
− To elucidate how eutrophication alters ecosystem function at a system wide 
scale and what interactions and drivers are responsible for the resultant 
outcomes. 
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2 Chapter Two 
Methods 
 Experimental design 
Solute flux measurements are estimates of the exchange rates of dissolved materials 
(e.g. nitrogen, ammonium, phosphorus and oxygen) between differing areas 
(Tengberg et al., 2004); in this case, between sediment and the overlying water 
column.  Fluxes of key solutes, such as oxygen, indicate the net outcomes of 
important ecosystem processes such as primary production (the conversion of 
sunlight energy into biomass), community respiration and organic matter 
remineralisation.  Seven sites within Waihī Estuary (37º 46’ S, 176º 28’ E; 
Figure 2.1) were chosen to encompass changes in organic matter loading and 
associated stressors based on observable cues, including sediment mud content, 
dominant bioturbator(s), apparent redox potential discontinuity depth (aRPD), and 
proportion of filamentous red algae cover (Gracilaria spp.).  Sites ranged in 
location from near the mouth of Waihī Estuary through to the upper reaches and 
covered a range of faunal assemblages. 
 
Sampling occurred in two expeditions during February (late summer) 2018 to 
coincide with midday high tides, in order to capture the greatest light intensity (and 
hence benthic productivity).  Sites 2, 4 and 5 were sampled on 7th to 8th, and sites 1, 
2, 6 and 7 were sampled on 19th to 21st.  Weather for sites 1 to 5 and 7 was overcast, 
with periods of clear skies; site 6 was windy with spells of rain. 
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Figure 2.1: Satellite image of Waihī Estuary showing site locations (sites 1 to 7), 
channelized canals, and immediate surrounding land use. Satellite image: Google Earth. 
 
 Chamber incubations 
A common method of quantifying solute fluxes is with chambers (Needham et al., 
2011; Thrush et al., 2017; Douglas et al., 2018; Drylie et al., 2018), where 
sediments are incubated together with overlying water and changes in water 
chemistry (solute concentrations) over time are tracked.  Here, following Lohrer et 
al. (2016), benthic incubation chambers were used to enclose an area of 0.25 m2 
with ~37 L of overlying water.  The chambers consisted of 50 cm x 50 cm square 
aluminium bases with a depth of 15 cm.  The bases were pressed 5 to 10 cm into 
the sediment (depending on the site) and topped with removable transparent 
Perspex lids.  Chamber lids were attached to the bases after approximately 30 cm 
of flood tide inundation and internal air bubble removal via air suction tubes.  
Exhaust and intake ports were incorporated into the lids to allow for syringe 
samples to be taken, and pressure compensation through water replenishment.  
Inside each chamber, a SeaBird battery powered electronic stirrer motor, a 
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dissolved oxygen logger (PME miniDOT oxygen sensor, reading once per minute; 
Precision Measurement Engineering, 2014) and a HOBO light sensor (ONSET, 
2018), were attached to the chamber walls (Figure 2.2).  Stirrer motors placed inside, 
were pumping intermittingly for five seconds every 45 seconds to disrupt 
stratification within the chambers, which can affect flux measurements. 
 
 
Figure 2.2: Internal chamber layout showing; I) dissolved oxygen logger with II) Hobo 
light logger attached, III) water pump and battery pack. Photo: NIWA archive. 
 
At each site, 10 benthic chambers were positioned parallel to the incoming tide to 
ensure each chamber was covered for a similar duration at the same water depth.  
Chambers were set out in light and dark pairs (n=5), where dark chambers were 
covered by a shade-cloth, preventing light penetration (Figure 2.3).  Chambers were 
incubated from the time lids were attached, until the ebb tide lowered to beneath 
the chamber lids.  By using this method, we were able to quantify oxygen 
production via photosynthesis in light chambers, while eliminating the effects of 
photosynthetic processes in dark chambers.  This allowed for estimates of total 
community respiration (i.e. microbial activity and benthic fauna) through the 
measurement of oxygen removal.  Dark chambers also aid to control differences in 
light intensity from variation in water turbidity, water depth, and weather across the 
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days sampled.  Three HOBO light loggers were distributed throughout each site to 
record light intensity (at 5-minute intervals) for the duration of the chamber 
incubations.  To compensate for water column productivity, three sets of paired 
light and dark bottles filled with ambient seawater (volume = 1.5 L) were 
distributed throughout each site and incubated at the same time as the chambers. 
 
The four main solutes analysed were dissolved oxygen (DO), ammoniacal nitrogen 
(NH4
+-N), dissolved reactive phosphorus (PO4
3--P), and nitrate and nitrite (in 
combination, NOx-N).  Seawater present inside the chambers was collected through 
ports attached to sampling tubes with luer-lock valves.  From each chamber, 60 ml 
water samples were collected by syringe (first discarding the volume of water in the 
tubing, ~ 120 ml), at the beginning and end of the incubation period.  Additional to 
in-situ DO loggers, a point DO reading was measured from each chamber water 
sample using a PreSens FIBOX 3 LCD Trace v7 optical dissolved oxygen probe 
(PreSens, 2009).  Water samples were then filtered through a 1.1 µm Whatman 
GF/C filter (to remove phytoplankton and microbes that could further alter nutrient 
concentrations), put on ice, and stored at -20˚C, until analysis. 
 
 
Figure 2.3: Light and dark paired chambers, with lids, shade cloth and tubing attached. 
Photo: NIWA archive. 
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 Sampling of co-variables 
Prior to incubation, three pooled sediment cores (2.6 cm diameter corer, pushed 
2 cm deep) were collected for porosity analysis adjacent to, but outside the enclosed 
area of each paired set of chambers at low tide.  Macrofauna and other sediment 
samples were collected post-incubation from the inside of each chamber using a 
13 cm diameter core pushed 15 cm deep into the sediment, enabling quantification 
of the benthic community structure within each chamber.  Macrofauna cores were 
sieved on site (mesh size = 500 µm) and preserved in 70% isopropyl alcohol, with 
the later addition of 1% rose bengal to stain biological tissue.  For assessment of 
organic matter content (OM), chlorophyll a (chl a) analysis and grain size, six 
sediment cores (2.6 cm diameter corer, pushed 2 cm deep) were collected from each 
chamber and split into two pools of sediment.  Sediment samples were stored in the 
absence of light at -18˚C to prevent degradation of chl a and OM.  The aRPD depth 
was measured by taking a cross sectional photo of a sediment core inside a syringe 
corer (Figure 2.4).  Three aRPD photos were taken per site, and three measurements 
within each photo were averaged to gauge the aRPD depth.  Photos were scaled and 
measured using SketchUp (Trimble Inc, 2019).  To measure the percentage 
Gracilaria spp. (macroalgae) cover across the sites, photos were taken of every 
chamber base bedded into the sediment.  Within each photo, chamber bases were 
divided into nine equal segments, and the proportion of macroalgal cover was 
estimated for each segment then added together and averaged across each site. 
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Figure 2.4: Syringe core showing a site 1 depth profile of oxic sediment, anoxic sediment, 
and the apparent redox potential discontinuity (aRPD) zone between the two sediment 
layers. 
 
 Laboratory analyses 
Macrofauna were separated into different size classes by sieving (0.5 to 1 mm, 1 to 
2 mm and >2 mm), and all stained biological tissue observed was removed.  
Macrofauna were then identified to the lowest taxonomic level practicable 
(generally to species level) using a dissecting microscope (Leica M80 Stereo 
Microscope with Ergo Wedge and LED light attachments; Leica Microsystems, 
2016).  Samples were identified according to NIWA (National Institute of Water 
and Atmosphere) standards and quality control checked by NIWA staff.  
 
For measurement of chl a and phaeophytin concentration (phaeo; a degradation 
product of chl a), a University of Waikato standard operational procedure for 
marine sediment was used (modified from Arar & Collins, 1997).  In short, 
subsamples of homogenised sediment were freeze dried, weighed to 15 grams, 
added to 10 ml of 90% buffered acetone, and steeped at 4˚C overnight.  Samples 
were then centrifuged at 3300 rpm for 10 minutes.  Extracted chl a was measured 
before and after hydrochloric acidification (0.15 N HCl) using a Turner 10-AU 
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fluorometer.  These two values (before and after acidification) were used to 
calculate the concentrations of chl a and phaeophytin. 
 
Sediment samples (~15 ml) were digested in 10% hydrogen peroxide to remove 
organic matter.  After two weeks of digestion, 10 ml of Calgon water softener was 
added, before being sonicated for 30 minutes to aid with sediment dispersal and 
disaggregation (Singer et al., 1988).  Samples were measured using a Malvern 
Mastersizer 3000 Lazersizer set to 3000 rpm, with a refractive index of 1.5 and an 
absorption of 0.2 (Singer et al., 1988).  This method allows for the quantification 
of grain size distribution and proportion (i.e. mud to sand content), as well as the 
overall median grain size. 
 
Sediment organic matter content was measured by percentage weight loss on 
ignition.  Samples were dried at 60˚C until constant mass was achieved and then 
combusted at 550˚C for four hours to remove the ash fraction (Heiri et al., 2001).  
Porosity was analysed by comparing sediment wet weight to sediment dry weight, 
after sediment had reached constant mass at 60˚C.  Analysis of dissolved inorganic 
nutrients was carried out in the NIWA Hamilton chemistry laboratory, using 
standard operational methods for seawater on an Astoria-Pacific 300 series 
segmented flow auto-analyser. 
 
 Flux calculations  
The change in water chemistry between initial and final samples was used to 
calculate solute fluxes.  All fluxes within each chamber were calculated using the 
following equation, and measured in units of µmol m-2 hr-1: 
𝐹𝑙𝑢𝑥 =
(∆𝑓 × 𝑉)
(𝐴 × ∆𝑇)
 , 
where Δf is the concentration change of the measured solute (µmol L-1), V is the 
volume of seawater in each chamber (L), A is the area of seafloor covered by each 
chamber base (0.25 m2), and ΔT is incubation time between initial and final 
samplings (decimal hours).  Through improper lid attachment and/or gear failure, 
two chambers (Site 1 and 4 D dark) were identified to have leaks.  Measurements 
from these chambers were therefore excluded from flux analyses. DO 
measurements were used to calculate gross primary production (GPP) which is the 
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total chemical energy created by primary producers (i.e. photosynthetic organisms 
such as microphytobenthos and sea grass) per unit area, per unit time (Sigman & 
Hain, 2012).  GPP was calculated as the difference between dark and light DO 
fluxes, i.e. subtracting the dark chamber DO flux from the light chamber DO flux.  
Given the difference in macroalgal and microphytobenthos cover, GPP was then 
normalised by the biomass of sediment chl a, to provide a measure of 
photosynthetic efficiency (GPPchl a). 
 
 Statistical Analyses 
Scatterplots and site averaged bar charts were used to visualise preliminary 
relationships of solute fluxes, GPP and sediment-macrofauna trends across the 
sampled gradient.  Permutational analyses of variance (PERMANOVA; Anderson 
et al., 2008) were conducted on Euclidian distance resemblance matrices of the 
solute fluxes to examine differences across all sites.  Pair-wise post-hoc tests were 
then used to break down significant differences in solute fluxes between sites. 
 
Univariate macrofaunal statistics were produced to compare changes in site 
community composition, and included macrofauna abundance (N), taxonomic 
richness (S) and Shannon-Weiner diversity index (SW).  N and S were calculated 
by totalling the number of individual organisms and the number of species 
(respectively) per macrofauna core and creating site averages.  SW was calculated 
for each macrofauna core using the following equation: 
𝐻′ =  − ∑ 𝜋 𝑙𝑛𝜋,
𝑆
𝑖=1
 
where the proportion of species (i) was calculated relative to the total number of 
species (pi) and multiplied by the natural log (ln) of ᴫ.  This product was then 
summed across all the species and multiplied by -1 (Shannon, 1948).  For further 
analyses, macrofauna abundance data were square-root transformed to correct for 
skewness of abundant and rare species (Anderson et al., 2008).  Counts of all 
species were combined into a Bray-Curtis resemblance matrix with site as a factor, 
before generating a non-metric multidimensional scaling plot (nMDS) to visualise 
community structure.  Principal component ordination (PCO) plots with vector 
overlays of sediment properties were used to visualise explanatory variables 
influencing the macrofauna community structure and to better inform further 
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analyses.  SIMPER analysis was also conducted to ascertain the species most 
influential to (dis)similarities within and between sites (cumulative 
contribution >50%). 
 
Multivariate Distance based Linear Models (DistLM) were used to understand 
drivers of solute fluxes across the environmental gradient.  Response and 
explanatory variables were all normalised prior to analysis.  Response variables 
used in the analysis were sediment oxygen consumption (SOC; dark chamber DO 
flux), GPPchl a, and dark chamber solute fluxes of NH4
+-N, PO4
3--P and NOx-N.  
Explanatory variables were sediment parameters, univariate macrofaunal statistics, 
and untransformed significant species from SIMPER analyses.  Collinearity 
amongst explanatory variables was avoided for model robustness, minimising over 
inflation of explanatory variable standard error.  Collinearity of explanatory 
variables was checked using Pearson’s correlation matrix, and where correlations 
were >0.85, the variable explaining the least variation was excluded; OM was 
always fitted first.  By using only dark chamber fluxes in the DistLM analyses, 
photosynthetic uptake (via microphytobenthos and phytoplankton) of dissolved 
nutrients was removed, enabling better discernment of the effects of macrofauna on 
solute fluxes. 
 
To achieve the most parsimonious model that also explained the highest 
explanatory variable proportions, stepwise elimination routines were used with 
999 permutations, employing the Akaike information criterion corrected (AICC).  
AICC was the preferred selection criterion due to its ability to handle a small 
samples number (N) relative to the amount (p) of explanatory variables (N/p < 40) 
(Anderson et al., 2008). DistLM results were then visualised with distance-based 
redundancy analysis (dbRDA) (Anderson et al., 2008). 
 
Exploratory histograms, scatterplots, bar charts and univariate statistics were 
carried out using STATISTICA version 13 (TIBCO Software Inc, 2018) and 
Microsoft Excel (2016).  All nMDS, PERMANOVA, PCO, SIMPER, DistLM and 
associated functions were conducted using PRIMER 7 (Version 7.0.13) with 
PERMANOVA + 1 add-on (Clarke & Gorley, 2015). 
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3 Chapter Three 
Results 
 Sediment variables 
From site 1 to 7, sedimentary variables sampled in Waihī Estuary demonstrated a 
distinct gradient (Table 3.1).  Organic matter content (OM) is an important measure 
of eutrophication, and elevated mud content (mud %) is a known consequence of 
eutrophication (Nixon, 1995; Rabalais et al., 2009).  These variables (OM and 
mud %) were highly correlated (R = 0.94; Table 3.2) with an increase in OM linked 
to an increase in mud %.  Across sites, OM ranged from 2.3 to 8.3%, and mud % 
ranged from 3.6 to 90.5%.  Also correlated to mud % was median grain size 
(Med GS; R = 0.89), which decreased by 190 µm from the least muddy site 
(site 1 = medium sand) to the muddiest site (site 7 = medium silt) (Wentworth, 
1922). However, the decrease in Med GS was not linear, for example, site 5, which 
had a similar mud content to site 4, had the largest Med GS of 247 µm (medium 
sand), while sites 1 to 4 range from 155 to 208 µm Med GS (fine sand).  
Porosity (Por), which was negatively correlated to OM (R = -0.77), remained 
similar across sites 1 to 5 and increased at sites 6 and 7, giving a total range of 
0.29 Por. 
 
Chlorophyll a (chl a) was similar at four of the seven sites (sites 1, 2, 3 and 6).  It 
was lowest at sites 4 and 5 (10.5 to 13 µg g-1 sediment respectively), and highest at 
site 7 (61.5 µg g-1 sediment).  Phaeophytin (phaeo; a degradation product of chl a) 
was highly correlated to chl a (R = 0.86) and OM (R = 0.83).  Like chl a, phaeo was 
also lowest at sites 4 and 5 (8.3 and 8.0 µg g-1 sediment respectively) and highest at 
site 7 (128.6 µg g-1 sediment).  The peak in chl a and phaeo at site 7 also 
corresponded with the highest percent Gracilaria spp. cover (69%), and the lowest 
apparent redox potential discontinuity (aRPD) depth of <3 mm.  Sites 1, 2 and 3 
had little Gracilaria spp. cover (<3%), but higher amounts chl a content (19.9 to 
25.2 µg g-1 sediment).  Gracilaria spp. cover was positively correlated to OM 
(R = 0.74), while aRPD depth was negatively correlated to OM (R = -0.72) 
indicating an increase in OM was associated with an increase in Gracilaria spp. and 
a shallower aRPD depth.  aRPD was deepest at site 4 (23 mm) and shallowest at 
site 7 (2 mm) (Table 3.1). 
    
2
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Table 3.1: Site averaged environmental variables (± 1 SD; units specified).  Med GS: median grain size, mud %: mud content, OM: organic matter content, 
chl a: chlorophyll a, phaeo: phaeophytin, aRPD: apparent redox discontinuity potential. 
Sediment properties Site 1 Site 2 Site 3 Site 4 Site 5 Site 6 Site 7 
Med GS (µm) 208 (± 9) 170 (± 10) 201 (± 12) 155 (± 11) 247 (± 26) 57 (± 11) 18 (± 5) 
Mud % (< 63 µm) 3.6 (± 0.9) 7.5 (± 1.3) 8.7 (± 2.0) 18.0 (± 3.4) 19.5 (± 4.6) 55.0 (± 7.1) 90.5 (± 7.2) 
OM (%) 2.3 (± 0.1) 2.9 (± 0.1) 2.6 (± 0.1) 2.8 (± 0.1) 2.7 (± 0.2) 5.1 (± 0.1) 8.3 (± 0.1) 
Porosity 0.56 (± 0.08) 0.56 (± 0.03) 0.54 (± 0.02) 0.54 (± 0.01) 0.54 (± 0.02) 0.66 (± 0.02) 0.83 (± 0.07) 
Chl a (µg g-1 sediment) 23.9 (± 3.1) 19.9 (± 5.2) 25.2 (± 4.7) 10.5 (± 1.4) 13.0 (± 2.0) 21.3 (± 3.1) 61.5 (± 40.8) 
Phaeo (µg g-1 sediment) 10.4 (± 4.1) 11.3 (± 5.1) 9.3 (± 2.2) 8.3 (± 2.0) 8.0 (± 2.0) 14.1 (± 2.3) 128.6 (± 79.1) 
aRPD depth (mm) 12 (± 4) 12 (± 1) 13 (± 3) 23 (± 8) 13 (± 3) 9 (± 1) 2 (± 1) 
Gracilaria spp. cover (%) 0 1 (± <0.00) 1 (± 2) 0.2 (± 0.5) 7 (± 9) 3 (± 2) 69 (± 27) 
 
  
    
2
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Table 3.2: Pearson's correlation coefficients of environmental and biological variables.  Correlations above 0.85 are shown in bold*. 
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Med GS (µm)                    
Mud % -0.89                   
OM (%) -0.85 0.94                  
Porosity -0.77 0.84 0.77                 
Chl a (µg/g) -0.50 0.59 0.70 0.35                
Phaeo (µg/g) -0.60 0.73 0.83 0.53 0.86               
aRPD (mm) 0.57 -0.70 -0.72 -0.47 -0.60 -0.60              
Gracilaria spp. (%) -0.60 0.76 0.74 0.57 0.48 0.68 -0.66             
SW (H’) 0.34 -0.51 -0.40 -0.43 -0.23 -0.32 -0.06 -0.32            
N (core-1) 0.43 -0.61 -0.60 -0.64 -0.37 -0.47 0.73 -0.55 0.04           
S (core-1) 0.53 -0.77 -0.69 -0.69 -0.41 -0.57 0.35 -0.64 0.79 0.53          
A. stu <10 mm 0.38 -0.44 -0.37 -0.64 -0.03 -0.19 0.06 -0.24 0.45 0.41 0.55         
A. stu >10 mm 0.29 -0.37 -0.33 -0.41 -0.19 -0.25 0.46 -0.26 0.12 0.40 0.23 0.10        
M. lil <10 mm 0.34 -0.47 -0.44 -0.55 -0.25 -0.28 0.66 -0.33 -0.05 0.75 0.29 0.42 0.42       
M. lil >10 mm 0.43 -0.59 -0.46 -0.67 -0.08 -0.26 0.04 -0.33 0.74 0.33 0.74 0.68 0.09 0.25      
Total A. stu 0.39 -0.46 -0.39 -0.66 -0.04 -0.20 0.08 -0.26 0.45 0.43 0.56 0.99 0.16 0.44 0.68     
Total M. lil 0.46 -0.64 -0.55 -0.74 -0.23 -0.34 0.53 -0.41 0.31 0.73 0.57 0.64 0.37 0.89 0.66 0.66    
P spp. 0.01 -0.07 -0.17 0.10 -0.33 -0.20 0.69 -0.23 -0.57 0.54 -0.15 -0.27 0.13 0.41 -0.44 -0.26 0.11   
C spp. 0.17 -0.32 -0.28 -0.40 -0.10 -0.26 -0.04 -0.33 0.51 0.30 0.56 0.77 -0.09 0.17 0.51 0.76 0.37 -0.24  
*For later reference, correlations above 0.85 are marked for the purposes multicollinearity in DistLM models.
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 Biological variables 
A non-metric multi-dimensional scaling (nMDS) plot was constructed to visualise 
variation in macrofauna community structure within and among sites (Figure 3.1).  
Site 1 exhibited the most homogeneous community structure (samples from site 1 
clustered tightly together in Figure 3.1), and site 7 the most heterogeneous 
community structure (site 7 samples were relatively widely dispersed in the nMDS 
plot).  However, within site variance did not uniformly increase from site 1 to 7. 
For example, site 2 showed greater heterogeneity than sites 3 and 4. 
 
Samples from each site clustered distinctly together in ordination space and did not 
overlap with samples from other sites, with the possible exception of samples from 
sites 5 and 6. PERMANOVA (Table 3.3) and post-hoc tests confirmed that all sites 
were significantly different from one another (p = 0.001).  Sites 1 to 3 were 
relatively close together in ordination space, as were sites 4 to 6, all of which were 
separated from site 7. 
 
 
Figure 3.1: Non-metric multi-dimensional scaling (nMDS; Bray-Curtis resemblance) of 
square-root transformed macrofauna community structure.  Each point represents one 
macrofauna core, the different colours and shapes represents differing sites (S1 – S7). 
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Table 3.3: PERMANOVA test (Bray-Curtis resemblance matrix, 999 permutations) on 
macrofauna community structure as a function of sites.  Pair-wise post-hoc tests show 
significant differences (p < 0.05) across all sites. 
Source dF MS Pseudo-F p(perm) Pair-wise tests 
Site 6 21326 35.01 0.001 1≠2≠3≠4≠5≠6≠7 
Residual 63 609       
 
The highest average taxonomic richness (S) was seen at sites 1 and 2 (17 taxa core-1) 
and the lowest at site 7 (4 taxa core-1; Table 3.4).  Taxa richness and Shannon-
Weiner diversity (SW) were relatively strongly correlated (R = 0.79; Table 3.2), 
and both generally decreased with increasing eutrophication.  Macrofauna 
abundance (N), was on average highest at site 4 (300 inds. core-1) and lowest at 
site 7 (17 inds. core-1).  Although there was a relatively linear decrease in S across 
sites, this was not the case with N.  As S decreased and key species were lost, other 
species became dominant.  SIMPER analysis (Table 3.5) of species dissimilarity 
between sites showed an increase in macrofauna community dissimilarity from 
site 1 to sites 3, 5 and 7 as the eutrophic gradient increased.  The species 
contributing to dissimilarities in community composition among sites are listed in 
Table 3.5.  Although most species became less abundant as eutrophication increased 
(notably A. stutchburyi), a few (e.g. Prionospio aucklandica, Anthropleura 
aureoradiata, and Paracorophium spp.) increased in number.  Total abundance was 
only significantly different at sites 1 and 7, which were of greatest dissimilarity 
(89%).  Site 7 had the lowest S, and site 4 had the lowest SW diversity score. 
 
The low SW diversity score seen at site 4 was likely driven by low evenness, with 
Paracorophium spp. reaching upwards of 300 individuals per macrofauna core.  
Figure 3.3 also highlights that Paracorophium spp. were rare at sites 1 and 2, and 
completely absent at site 3.  One of the key species lost with increasing 
eutrophication was Macomona liliana, with adult M. liliana (>10 mm shell length) 
absent from sites 4 to 7.  SIMPER analysis (Table 3.6) suggested that another key 
species, A. stutchburyi, decreased from site 1 to 4.  The loss of M. liliana >10 mm, 
and the reduction of A. stutchburyi at site 4 coincided with a shift in two of the 
parallel issues associated with eutrophication; an increase in sediment OM and 
mud %.  As evidence of eutrophication increased, a reduction in macrofaunal 
abundance was observed, particularly between sites 4 and 5, where a sharp decline 
was seen.  
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Table 3.4: Site averaged macrofauna variables (± 1 SD; units specified).  N: macrofauna 
abundance, S: taxonomic richness, SW: Shannon-Weiner diversity index. 
 
 
Figure 3.2: (a) Macrofauna abundance (N); and (b) taxa richness (S); averaged at each site 
in both light and dark chambers.  Boxes show median, 25% and 75% distributions, with 
whiskers representing maximum and minimum values. 
 Site 1 Site 2 Site 3 Site 4 Site 5 Site 6 Site 7 
N (core-1) 241 (± 33) 132 (± 42) 244 (± 70) 300 (± 102) 98 (± 39) 120 (± 41) 17 (± 23) 
S (core-1) 17 (± 2) 17 (± 2) 15 (± 2) 11 (± 2) 9 (± 2) 11 (± 2) 4 (± 2) 
SW (H') 2.1 (± 0.1) 2.3 (± 0.2) 1.7 (± 0.1) 0.9 (± 0.4) 1.2 (± 0.5) 1.5 (± 0.2) 1.0 (± 0.4) 
  
2
7
 
Table 3.5: SIMPER analysis (Bray-Curtis similarity) of square-root transformed macrofauna data comparing site 1 to sites 3, 5 and 7 to show that as the sampled 
gradient increases in apparent eutrophication pressure, there was an increase in the dissimilarity of the macrofaunal community structure. 
  
Species 
Site 
dissimilarity 
(%) 
Average abundance 
Species 
dissimilarity 
(%) 
Contribution 
(%) 
Diss/SD 
Sites 1 & 3  43.24 Site 1 Site 3    
 Prionospio aucklandica 
 5.03 11.27 6.45 14.91 3.58 
 Austrovenus stutchburyi 
 9.32 5.03 4.48 10.35 3.80 
 Ceratonereis spp. 
 5.90 2.69 3.33 7.70 3.00 
 Oligochaeta 
 4.11 1.41 3.23 7.48 1.72 
 Microspio maori 
 2.85 0.20 2.74 6.35 4.08 
 Anthropleura aureoradiata 
 2.25 4.48 2.53 5.85 1.49 
Sites 1 & 5  76.68 Site 1 Site 5    
 Austrovenus stutchburyi 
 9.32 0.91 11.46 14.95 7.01 
 Paracorophium spp. 
 0.10 7.63 10.22 13.33 3.13 
 Ceratonereis spp. 
 5.90 1.39 6.13 7.99 4.38 
 Prionospio aucklandica 
 5.03 0.57 6.10 7.96 3.96 
 Macomona liliana 
 3.95 0.40 4.82 6.28 4.60 
Sites 1 & 7  88.7 Site 1 Site 7    
 Austrovenus stutchburyi 
 9.32 0.20 15.84 17.86 7.90 
 Ceratonereis spp. 
 5.90 0.89 8.71 9.82 4.96 
 Prionospio aucklandica 
 5.03 0.00 8.71 9.81 7.67 
 Macomona liliana 
 3.95 0.10 6.66 7.51 5.91 
  Austrominius modestus  2.91 0.00 4.97 5.60 1.73 
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Table 3.6: SIMPER analysis (Bray-Curtis similarity) of square-root transformed macrofauna data comparing site 1 to site 4.  
 
Species 
Site 
dissimilarity 
(%) 
Average abundance 
Species 
dissimilarity 
(%) 
Contribution 
(%) 
Diss/SD 
  69.80 Site 1 Site 4    
Sites 1 & 4 Paracorophium spp.  0.10 15.24 17.19 24.62 4.76 
 Austrovenus stutchburyi  9.32 2.48 7.82 11.2 6.09 
 Ceratonereis spp.  5.90 1.53 5.02 7.19 3.89 
 Austrominius modestus  2.91 0.00 3.29 4.71 1.71 
  Oligochaeta  4.11 1.55 3.19 4.57 1.70 
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Figure 3.3: Macomona liliana >10 mm (left axis) and Paracorophium spp. (right axis) 
abundance across all sites (+SD). 
 
 Sediment – organism interactions 
To examine the interactions between sediment properties, macrofaunal distribution 
and community composition, a Principal Coordinate Analysis (PCO) of macrofauna 
data was performed.  The first axis (PC1) explained 33.7% of the variability in the 
data, and the second axis (PC2) explained 21.8% (Figure 3.4).  As with the previous 
MDS analysis (Figure 3.1), PCO revealed three groups, where sites 1 to 3 were 
separated from sites 4 to 6, which were all separated from site 7.  However, within 
site heterogeneity of site 7 was reduced.  Macrofauna at site 7 were associated with 
elevated mud %, OM and P (as shown by the vectors on Figure 3.4).  Med GS was 
negatively correlated to mud %, OM and P, indicating that macrofaunal 
communities at sites 1 to 3 may be influenced by increases in Med GS, and 
reduction of mud %, OM and P.  A decrease in chl a helped distinguish macrofaunal 
communities at sites 4 to 6 from the rest of the sites. 
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Figure 3.4: Principle coordinate analysis (PCO; using Bray-Curtis resemblance) of 
square-root transformed community structure at each site (S1 – S7).  Vector overlays 
display the sediment properties that influence community structure. 
 
 Ecosystem functioning 
 DO fluxes and GPP 
Flux chamber incubations showed decreasing net primary production (NPP; light 
chambers; Table 3.7 and Figure 3.5a) from sites 1 to 7, with a range in average light 
chamber DO flux values across sites of >7000 µmol O2 m-2 h-1.  Light chambers at 
sites 1-3 exhibited DO production, whereas DO fluxes in light chambers at sites 4-
7 were negative or not significantly different from zero (site 5). This indicated a 
general trend of less net oxygen production and greater oxygen consumption with 
increasing levels of eutrophication across sites.  PERMANOVA analyses 
(Table  3.8) indicated that overall NPP was significantly different across all sites.  
In dark chambers, influx of oxygen was observed across all sites, indicating 
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sediment oxygen consumption (SOC; i.e. negative DO flux).  SOC was greatest at 
site 7, the least at site 4, and unlike NPP, showed no general trend from site 1 to 7.  
Within site variability was relatively low in Figure 3.5a, indicated by the low 
standard deviation.  PERMANOVA analyses (Table 3.8) indicated that dark 
chamber SOC was significantly different across all sites.  Post-hoc pairwise tests 
show sites 1 and 5, 2 and 4, and 3 and 7 were not statistically different from each 
other, while site 6 was distinct from all sites. 
 
Figure 3.5b shows sites 1 to 3 had the highest GPP (GPP = NPP-SOC), ranging 
from 5020 to 8265 µmol O2 m-2 h-1, and sites 5 to 7 followed a similar trend only at 
lower production levels (2106 to 3779 µmol O2 m-2 h-1); the minimum GPP was 
seen at site 4 (406 µmol O2 m-2 h-1).  When GPP was normalised by chlorophyll a 
(GPPchl a = GPP/chl a), there was an order of magnitude decrease across all sites.  
Site 4 (Figure 3.5c) remained the lowest in GPPchl a (42 µmol O2 m-2 h-1), while 
site 2 became the highest (459 µmol O2 m-2 h-1).  Sites with higher Gracilaria spp. 
cover (Table 3.1) decreased in GPPchl a; for example, site 7 (Gracilaria spp. cover 
69%) decreased relative to the other sites.  The increase in GPPchl a (relative to other 
sites) at site 2, which only had 1 % Gracilaria spp. cover, indicates 
microphytobenthos biomass may be influencing GPP. 
 
 Inorganic nutrient fluxes 
Dark chamber ammonium flux (NH4
+-N) and dissolved reactive phosphorus flux 
(PO4
3--P; Table 3.7; Figure 3.6a and b) showed no general trend across sites, other 
than both peaking at site 7 (which also displayed the greatest variability in PO4
3--P 
flux).  NH4
+-N efflux occurred across all sites, with a range of 76 to 
1023 µmol NH4+-N m-2 h-1, whereas PO43--P showed uptake (influx) at sites 2 and 
5.  PO4
3--P efflux at site 7 was 49% greater than the next highest PO4
3--P efflux 
(range = 21 to 63 µmol PO43--P m-2 h-1 across all efflux sites), but was still an order 
of magnitude lower than NH4
+-N efflux rates. 
 
PERMANOVA analyses (Table 3.8) indicate that overall, fluxes varied 
significantly across the sampled gradient, with NH4
+-N showing significant 
differences between sites, where sites 1, 3 and 6 were not statistically different from 
each other.  Sites 2, 4 and 5 did not display significant differences in NH4
+-N flux 
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rates.  For PO4
3--P, sites 2 and 5 were both significantly distinct from sites 1, 3, 4, 
and 7.  Site 6 was also significantly different to site 7. 
 
Nitrate and nitrite (NOx-N; Figure 3.6c) was taken up by the sediment at most sites, 
with fluxes ranging from -652 to 126 µmol NOx-N m-2 h-1. Site 6 had the greatest 
NOx-N influx.  NOx-N influxes decreased from sites 1 to 3 and became effluxes at 
site 4, indicating that site 4 was the only site to not take up NOx-N from overlying 
water.  Table 3.7 shows NOx-N had the least significant differences between sites, 
where site 3 was statistically different from 6, and site 4 was different from 3, 5, 6 
and 7. 
 
  
 
3
3
 
Table 3.7: Site averaged NPP, SOC and dark chamber nutrient fluxes ± 1 SD; units = µmol m-2 h-1.  
  Site 1 Site 2 Site 3 Site 4 Site 5 Site 6 Site 7 
NPP 2672 (± 876) 3739 (± 1811) 2391 (± 836) -532 (± 1352) 123 (± 1060) -692 (± 756) -3292 (±1665) 
SOC -3814 (± 187) -1281 (± 283) -5875 (± 926) -938 (± 478) -3656 (± 735) -2797 (± 494) -6903 (± 1586) 
GPPchl a 267 (± 33) 274 (± 149) 335 (± 84) 42 (± 99) 293 (± 55) 98 (± 14) 68 (± 47) 
NH4+-N 397 (± 110) 83 (± 24) 308 (± 38) 181 (± 58) 76 (± 100) 375 (± 125) 1023 (± 284) 
PO43--P 21 (± 11) -2 (± 14) 25 (± 6) 32 (± 7) -7 (± 12) 2 (± 37) 63 (± 54) 
NOx-N -164 (± 132) -150 (± 307) -65 (± 9) 126 (± 95) -251 (± 203) -652 (± 522) -76 (± 105) 
 
Table 3.8: PERMANOVA test (Euclidian distance resemblance matrix, 999 permutations) on light chamber DO flux (NPP), dark chamber SOC, solute fluxes and 
GPPchl a as a function of site.  Pair-wise post-hoc tests show significant differences (p < 0.05 shown in bold). 
  Source dF MS Pseudo-F p(perm) Pair-wise tests 
NPP Site 6 27.56 19.95 0.001 1>4, 1>5, 1>6, 1>7, 2>4, 2>5, 2>6, 2>7, 3>4, 3>5, 3>6, 3>7, 4>7, 5>7, 6>7 
 Residual 28 6.45    
SOC Site 6 4.73 33.92 0.001 1<2, 1>3, 1<4, 1<6, 1>7, 2>3, 2>5, 2>6, 2>7, 3<4, 3<5, 3<6, 4>5, 4>6, 4>7, 5<6, 5>7, 6>7 
 Residual 26 0.14    
GPPchl a Site 6 3.79 10.59 0.001 1>4, 1>6, 1>7, 2>4, 2>6, 2>7, 3>4, 3>6, 3>7, 4<5, 5>6, 5>7 
  Residual 26 0.36       
NH4+-N Site 6 4.63 28.31 0.001 1>2, 1>4, 1>5, 1<7, 2<3, 2<4, 2<6, 2<7, 3>4, 3>5, 3<7, 4<6, 4<7, 5<6, 5<7, 6<7 
 Residual 26 0.16    
PO4
3--P Site 6 2.54 3.93 0.002 1>2, 1>5, 2<3, 2<4, 2<7, 3>5, 4>5, 5<7, 6<7 
 Residual 26 0.65    
NOx-N Site 6 2.58 4.05 0.008 3<4, 3>6, 4>5, 4>6, 4>7 
 Residual 26 0.64    
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Figure 3.5: Mean (+ SD) of (a) dissolved oxygen flux, where □ = light chambers 
and ■ = dark chambers, (b) GPP, and (c) GPPchl a across all sites.  Note the magnitude of 
change between the y-axes of GPP and GPPchl a.   
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Figure 3.6: Mean (+ SD) of (a) NH4+-N flux, (b) PO43--P flux, and (c) NOx-N flux across 
all sites, where ■ = dark chambers..
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 Ecosystem functioning 
To relate biological interactions to ecosystem multifunctionality a principal 
component analysis was conducted (Figure 3.7a).  Multivariate data consisting of 
dark chamber NH4
+-N, PO4
3--P and NOx-N fluxes was overlain with macrofaunal 
species vectors (those that explained a substantial proportion of the variance as 
indicated by SIMPER analysis).  PC1 explained 64.5% of the variability in the data, 
and PC2 explained 31.7%.  Species vector overlays varied in length and direction, 
with M. liliana and Paracorophium spp. positively correlated to each other and less 
common at the more eutrophic sites (sites 6 and 7).  Microspio maori, 
Prionospio aucklandica, Colurostylis lemurum and Ceratonereis spp. were 
inversely related to flux data from site 7 and showed little correlation with each 
other. 
 
Figure 3.7b displays the same multifunctionality ordination as Figure 3.7a, but 
sediment properties vectors have been overlain.  As with Figure 3.4, the direction 
of mud %, OM and P, were all closely associated and positively correlated with 
site 7.  Med GS was negatively correlated to these variables, pointing towards the 
less eutrophic sites. 
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Figure 3.7: Principal component analysis (PCO) of dark chamber fluxes of NH4+-N, 
dissolved reactive phosphorus (PO43--P), and NOx-N, with vector overlays of (a) 10 species 
indicated by SIMPER and (b) environmental variables.  
a 
b 
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 Understanding ecosystem functioning 
Distance based linear models (DistLM) were run to quantify the best environmental 
and biological predictors of SOC, GPPchl a and dark chamber nutrient fluxes. 
Marginal tests (Table 3.9) show the proportion of variance each explanatory 
variable contributed irrespective of the other variables measured.  In the marginal 
tests, Gracilaria spp. explained the largest amount of variability in SOC (40%), 
followed by OM (30%).  For GPPchl a, Med GS (Appendix 2) individually explained 
the most variance (46%), with OM individually explaining 29%.  OM and phaeo 
independently explained NH4
+-N (72%), reflecting their close correlation 
(P = 0.83).  Phaeo was the largest individual predictor of PO4
3--P (60%), and 
M. liliana (Appendix 2) was the highest individual explanatory variable of NOx-N 
at 11%.  In comparison to sediment variables, macrofauna did not explain much of 
the variance in solute fluxes when treated independently, though 
Paracorophium spp. was relatively high for GPPchl a (19%). 
 
DistLM sequential tests (Table 3.10) showed which explanatory variables were 
significantly influencing SOC, GPPchl a, and dark chamber nutrient fluxes.  To avoid 
issues of collinearity between OM and mud % (correlation coefficient R = 0.94; 
Table 3.2), only OM was included in the models.  Explanatory variables were 
retained for use in final models if significant at p < 0.1, but p was < 0.05 for most 
variables.  Overall, AICc values were relatively low, and ranged from –6.46 
to -66.24, meaning the in-sample fit of explanatory to response variables was 
relatively close and similar across models. 
 
The most parsimonious SOC model had six explanatory variables and a total 
explained variance of 83% (adjusted R2), with OM explaining 35% of the total.  
Sediment chl a contributed almost equally to that of OM for SOC (34% of the R2), 
though chl a showed an inverse relationship to OM; as chl a increased so did SOC.  
Macrofauna explanatory variables retained in the model had a positive correlation 
with SOC, that is, increases in Paracorophium spp. and M. liliana abundance were 
associated with an increase in SOC.  The larger M. liliana (>10 mm) explained 
more than twice the amount of variation in SOC than the smaller 
M. liliana (<10 mm).  The most parsimonious GPPchl a model accounted for 53% of 
the variance (adjusted R2), and was explained equally by two variables; OM and 
Paracorophium spp.  Both OM and Paracorophium spp. were negatively correlated 
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to GPPchl a, indicating that a decrease in these two variables is related to a decrease 
in GPPchl a. 
 
Three explanatory variables explained 89% (adjusted R2) of the variation in NH4
+-N 
flux, with OM explaining 80.6% of the R2, followed by phaeo at 12.6%.  
Macrofauna, namely A. stutchburyi (adult and juvenile), explained the remaining 
6.8% of the model variance.  Increases in OM and phaeo were associated with 
increased NH4
+-N fluxes (i.e. positive correlation), while A. stutchburyi were 
negatively associated with NH4
+-N fluxes.  The most parsimonious PO4
3--P model 
explained a total of 73% (adjusted R2) of the variation in PO4
3--P flux.  PO4
3--P flux 
was primarily explained by differences in phaeo pigment concentration (47%), 
accounting for half of the explained variance, followed by OM and aRPD depth (35 
and 15% respectively).  As with NH4
+-N, a smaller portion of the variance in 
PO4
3--P flux was explained by macrofauna – in this case A. stutchburyi (5%).  These 
three explanatory variables were all positively correlated to PO4
3--P flux. 
 
The model with the least variability explained (32%; adjusted R2) was for NOx-N 
flux, which differed from the other fluxes, being driven by aRPD, chl a and 
Ceratonereis spp., not by OM.  aRPD depth and chl a were positively correlated 
with NOx-N fluxes, indicating that an increase in NOx-N flux is associated with an 
increase in aRPD depth and chl a, while Ceratonereis spp. are negatively correlated 
to NOx-N fluxes. 
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Table 3.9: DistLM marginal tests for response variables included in sequential 
tests of SOC, GPPchl a, dark chamber NH4
+-N, dark chamber PO4
3--P and dark 
chamber NOx-N.  For all other response variables see Appendix 2.  
  Variable SS(trace) Pseudo-F P Prop. 
SOC      
 OM 9.70 13.49 <0.01 0.30 
 Chl a 0.29 0.28 0.60 0.01 
 Gracilaria spp. 12.82 20.72 <0.01 0.40 
 Paracorophium spp. 2.05 2.13 0.14 0.06 
  M. liliana <10 mm 0.02 0.02 0.89 <0.01 
 M. liliana >10 mm 0.51 0.50 0.50 0.02 
GPPchl a      
 OM 9.34 12.77 <0.01 0.29 
  Paracorophium spp. 5.93 7.05 0.01 0.19 
NH4+-N      
 OM 23.09 80.38 <0.01 0.72 
 Phaeo 23.17 81.30 <0.01 0.72 
 Total A. stutchburyi 0.01 0.01 0.95 <0.01 
PO43--P      
 OM 7.96 10.27 0.01 0.25 
 Phaeo 19.24 46.72 <0.01 0.60 
 aRPD 1.74 1.78 0.20 0.05 
  Total A. stutchburyi 0.07 0.07 0.78 <0.01 
NOx-N      
 OM 0.16 0.15 0.69 <0.01 
 Chl a 2.41 2.52 0.13 0.08 
 aRPD 2.19 2.28 0.14 0.07 
  Ceratonereis spp. 2.85 3.03 0.09 0.09 
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Table 3.10: DistLM sequential tests for response flux variables of SOC, GPPchl a, dark 
chamber NH4+-N, dark chamber PO43--P and dark chamber NOx-N.  Also displayed is the 
percentage of the R2 explained by given explanatory variables, and the correlation direction 
of explanatory variables in relation to response variables (+ or -).  Explanatory variable 
significance levels were all p<0.1, but most often p<0.05. 
  
Explanatory variables 
Sequential 
test prop. 
% of R2 
explained 
Correlation 
direction 
SOC  
   
    Sediment OM 0.30 35.29 - 
 Chl a 0.30 34.72 + 
  Gracilaria spp. 0.06 7.13 - 
    Macrofauna Paracorophium spp. 0.05 5.50 + 
  M. liliana>10 mm 0.10 11.85 + 
 M. liliana<10 mm 0.05 5.51 + 
  R2 0.86     
 Adjusted R
2 0.83   
 AICc -47.20 
   
GPPchl a        
    Sediment OM 0.29 48.82 - 
    Macrofauna Paracorophium spp. 0.31 51.18 - 
  R2 0.60     
 Adjusted R2 0.57   
  AICc -24.23     
NH4+-N        
    Sediment OM 0.72 80.56 + 
 Phaeo 0.11 12.62 + 
    Macrofauna Total A. stutchburyi 0.06 6.83 - 
  R2 0.90     
 Adjusted R
2 0.89   
 AICc -66.24 
   
PO43--P        
    Sediment OM 0.25 34.64 + 
 
Phaeo 
aRPD 
0.36 
0.11 
50.44 
14.92 
+ 
- 
    Macrofauna Total A. stutchburyi 0.04 5.32 + 
  R2 0.76    
 Adjusted R
2 0.73   
 AICc -35.93 
  
NOx-N         
    Sediment OM 0.005 1.22 - 
 Chl a 0.13 31.32 + 
 aRPD 0.19 47.07 + 
    Macrofauna Ceratonereis spp. 0.08 20.39 - 
  R2 0.40     
 Adjusted R
2 0.32   
 AICc -6.46 
   
  
 42 
4 Chapter Four 
Discussion 
Waihī Estuary has been subjected to large amounts of anthropogenic terrestrial 
sedimentation, organic matter (OM) and nutrient inputs particularly for the last 90 
years (since canal channelising), which has resulted in eutrophication, 
predominantly in the upper reaches of the estuary.  Waihī Estuary showed clear 
evidence of eutrophic symptoms, which provided a gradient of change from 
relatively un-impacted to degraded habitats within the system.  This study used an 
in-situ eutrophication gradient and measured the sediment environment, 
macrofaunal community and ecosystem functioning (solute fluxes) to answer the 
following questions: 
 
− How does the sediment environment vary across the gradient and how does 
this alter the macrofaunal community structure? 
− How do the small-scale drivers of ecosystem function change along the 
gradient and what drives site level change? 
− How does eutrophication alter ecosystem function at a system wide scale 
and what interactions and drivers are responsible for the resultant outcome? 
 
 Physical changes across the eutrophication gradient 
Mud content (mud %; defined as grain sizes < 63 µm) and OM were highly 
correlated within the estuary (Table 3.2), which is consistent with other 
eutrophication studies (De Falco et al., 2004; Pratt et al., 2014a; Douglas et al., 
2018).  This high correlation is likely a consequence of multiple interacting factors. 
Firstly, fine sediments (along with OM and inorganic nutrients), are inputted from 
rivers (Bricker et al., 2008; Tay et al., 2013).  In Waihī Estuary, the canals empty 
into the upper reaches of the estuary, where near-bed tidal flows, surface wave 
action and water depth appear lower compared to the well flushed areas near the 
estuary mouth.  This creates a settling lag, whereby particles are preferentially 
settled onto the sediment surface when the water currents can no longer hold the 
relative grain sizes in suspension (Green & Coco, 2014).  Secondly, because 
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muddier sediments have a higher surface area per volume ratio (compared to coarser 
sediments), there is a greater surface for bacteria to grow on (Arndt et al., 2013). 
 
Waihī Estuary had the highest OM and mud content (%) at the site closest to 
riverine inputs (site 7): 8.3% and 90.5% respectively, which is comparatively high 
relative to other North Island, New Zealand estuaries (Pratt et al., 2014a).  Increases 
in chlorophyll a (chl a) and phaeophytin (phaeo) concentrations were associated 
with increasing Gracilaria spp. cover (Table 3.2).  This is likely because 
Gracilaria spp. itself is a photosynthetic organism, thus containing chl a pigment 
and upon degradation, phaeopigment (Guillemin et al., 2014; Nelson et al., 2015). 
 
In this study, increased median grain size (Med GS) was correlated with reductions 
in porosity and increased fine sediments (Table 3.2), which is consistent with 
measurements taken in other NZ estuaries (Norkko et al., 2002; Needham et al., 
2011; Lohrer et al., 2013).  Spinelli et al. (2004) reviews that grain size, grain shape 
and packing are parameters that effect unconsolidated sediment porosity.  In general, 
given a relatively uniform grain size, finer sediments, such as those seen at the upper 
reaches of Waihī Estuary, have a higher porosity because of the interstitial void 
space between the fine particles (Spinelli et al., 2004).  Higher porosities are often 
associated with higher nutrient concentrations within sediments through greater 
pore water retention.  Furthermore, the addition of fine sediments creates a diffusive 
rather than advective environment (Janssen et al., 2005).  This, along with complex 
biological interactions, influences the rate of solute exchange to and from the 
sediment surface (Huettel & Gust, 1992). 
 
 Environment and macrofauna 
As OM content increased along the eutrophication gradient, an overall decrease in 
the taxonomic richness of macrofauna became evident (Table 3.4).  Effects on 
community structure were also identified (Figure 3.1).  If OM input exceeds what 
the heterotrophic benthic community can aerobically process (often associated with 
summer algal blooms), then the system may periodically become hypoxic (Diaz & 
Rosenberg, 2008).  Hypoxic waters have been shown to negatively influence 
community structure through migration, decreased efficiency and mortality 
(Marsden & Bressington, 2009; Lewis & DeWitt, 2017).  Furthermore, the input of 
fine sediments can reduce the presence of filter feeders as smaller particles reduce 
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feeding efficiencies (Jones, 2011).  Therefore, species that are less tolerant to 
increased eutrophication, have narrower lower and upper limits to the ecological 
niche in which they can survive (Hewitt et al., 2008).  For example, 
Austrovenus stutchburyi plays key bioturbational and water filtering roles in NZ 
estuaries (Jones, 2011; Lohrer et al., 2016).  They are a highly mobile suspension 
feeding bivalves that bulldoze through surficial sediments (Thrush et al., 2006).  
Being suspension feeders, increased levels of fine suspended sediment can clog and 
damage their filter feeding structures, decrease the quality of seston (particulate 
suspended matter) that is used for nutrition and therefore limit their distribution 
(Cheung & Shin, 2005).  In this study, A. stutchburyi declined where there was a 
10% increase in mud content between sites 3 and 4 (Figure 3.1; 
Appendix 1, Table A.1).  This is consistent with the findings of Anderson (2008) 
and Norkko et al. (2006) who showed that A. stutchburyi are tolerant to lower levels 
of mud than other bioturbating species (optimum 11% mud) and are sensitive to 
repeated high exposure of fine suspended sediment. 
 
Taxonomic richness across all the sites showed a relatively linear decrease 
(Figure 3.2), which is consistent with the findings of Pratt et al. (2014a), but 
differed slightly from Pearson and Rosenberg (1978) who noted an increase in 
taxonomic richness with a slightly elevated OM content, as organisms need organic 
matter (i.e. food) to survive.  This phenomena is not seen in the current study, most 
likely because site 1 (having the lowest OM content of 2.3%) was already past point 
of initial OM enrichment described by Pearson and Rosenberg (1978) which ranged 
from 2.2 to 3.1% OM. 
 
Patterns in species abundance followed the Pearson and Rosenberg (1978) model, 
where biomass decreased to the transitional sharp increase in abundance of 
opportunistic species followed by a rapid decline (Figure 3.2).  In this study, 
Paracorophium spp. dominated in number at site 4 and was also present in high 
densities at sites 5 and 6 (Figure 3.3).  These suspension feeding amphipods fulfil 
similar functions to the better researched Corophium volutator and 
Corophium insidiosum (Henriksen et al., 1983; Pelegri & Blackburn, 1994; Moller 
& Riisgard, 2006).  Meadows (1964), suggested that C. volutator prefers muddier 
fine sand; conditions that match those of site 4.  Site 4 had the combination of 
muddier fine sands and consequently a lower taxonomic richness (particularly the 
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reduction of A. stutchburyi and the loss of the larger Macomona liliana), which 
provided ideal conditions for Paracorophium spp. to proliferate.  Pearson and 
Rosenberg (1978) noted that upon further progression of OM input, this 
opportunistic species also rapidly declined, as they have a narrow distribution range.  
Such was the pattern between sites 4 and 5, where Paracorophium spp. abundance 
declined by over 70%. 
 
As OM enrichment progressed to site 6, juvenile M. liliana were lost, as were 
Prionospio aucklandica.  However, certain polychaetes increased in abundance.  
Capitella sp. have an optimum mud content range of 10 to 40%, can tolerate up to 
95% mud content and thrive in highly organically enriched sediment (Tsutsumi, 
1990).  Capitella sp. are therefore used as indicators of stressed and disturbed 
environments (Dean, 2008).  The two-fold shift in the amount of OM content and 
mud % from site 5 to 6 and the concurrent increase in Capitella sp. is consistent 
with literature, as Capitella sp. are opportunistic and require organically enriched 
sediment for normal growth (Tsutsumi, 1990).  As OM enrichment further increases, 
Capitella sp. abundance declines, which agrees with the current study, where 
Capitella sp., decreased from site 6 to 7 (Appendix 1, Table A.1). 
 
Another key bioturbating species found in this study was the tellinid bivalve 
M. liliana.  Juvenile M. liliana (shell length < 10 mm), are limited to the upper 2 cm 
of sediment and have shown to move within sediment and the water column 
(Cummings et al., 1993, 1995; Hewitt et al., 1997).  Adult M. liliana (shell 
length > 10 mm) live deeper in the anoxic sediment layers, deposit feeding on the 
microbial biomass at the sediment surface via a long inhalant siphon and 
subsequently excreting at depth (Hewitt et al., 1997).  Therefore, juvenile and adult 
M. liliana perform different functions within the sediment (Cummings et al., 1993; 
Hewitt et al., 1997).  In the current study, adult M. liliana were seen in mud 
concentrations of 3.6 to 8.7% (sites 1 to 3), which is a lower than that observed by 
Anderson (2008) who reports that M. liliana have a higher preferred mud content 
than A. stutchburyi (17%).  M. liliana have been shown to be sensitive to the effect 
of eutrophication, with deposits of fine sediment influencing feeding rates and the 
degree of pore water pressurisation (McCartain et al., 2017).  Beyond site 3, there 
was also a 50% reduction in chl a content at sites 4 to 5 (Table 3.1), indicating that 
adult M. liliana may have also lost an important food source. 
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Macrofaunal feeding activities and structures in the sediment can influence the 
apparent redox potential discontinuity (aRPD) depth, increasing the surface area 
available for solute exchange.  Burrow linings can become sites of high metabolic 
and microbial activity compared to the surrounding sediment (Crawshaw et al., 
2019).  Therefore, a reduction in abundance and species diversity (if key functional 
traits are lost) can alter the sediment mosaic, influencing OM recycling by altering 
the redox profile. 
 
 Redox environment 
There are a diverse range of microorganisms that utilise a variety of electron 
acceptors to oxidise OM in marine sediments (Jørgensen, 1977b; Sørensen & 
Revsbech, 1979; Henrichs & Reeburgh, 1987; Canfield et al., 1993; Rysgaard et 
al., 1994).  Being the most favourable and abundant electron acceptor, oxygen (if 
present) is generally rapidly depleted in the upper millimetres of sediment (Glud, 
2008).  In a lot of environments, the degradation of benthic carbon is thus mediated 
by microbes anaerobically using nitrate, manganese oxides, iron oxides and/or 
sulphate electron acceptors (Fenchel et al., 2012).  Methanogenesis can further 
degrade organic carbon in the absence of these oxidants, but according to Froelich 
et al. (1979) this process does not represent the net oxidation of organic carbon.  
Sediments will typically show a vertical redox zonation where electron acceptors 
are depleted sequentially in the order outlined above, indicating the potential 
energetic gain related to the particular redox process (Fenchel et al., 2012).  
Products that are reduced from anaerobic degradation can be re-oxidised by oxygen 
via direct means or through complex microbially catalysed redox cascades (Fenchel 
et al., 2012). 
 
The bioturbation of benthic fauna creates a heterogeneous landscape, where the 
rates of processes over the area-integrated vertical profile can result in overlapping 
zonation of heterotrophic pathways (Canfield et al., 1993).  The loss of bioturbators 
due to stressors such as eutrophication, sedimentation and hypoxia, can reduce 
aRPD depth, which in turn can alter the sediment dynamics and macrofaunal 
functions (Kristensen, 1988).  Therefore, the different oxidation pathways are 
governed by bioturbation and sedimentation rates and the water and sediment 
chemistry. 
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In the current study, OM ranged by 0.6% from sites 1 to 5, however, there was an 
almost two-fold increase in OM from site 5 to site 6, and a three-fold increase from 
site 5 to site 7 (Table 3.1).  The heterotrophic organisms are unable to entirely utilise 
the labile OM or rework it into deeper sediments at site 6 and 7 before the onset of 
hypoxia, shown by the large influxes of DO at these sites (Herbert, 1999).  Aerobic 
respiration in these surface sediments rapidly depletes, reducing aRPD depth.  
Alternative electron acceptors (highlighted above) are then sequentially used as 
oxidants in microbial anaerobic respiration (Kerner, 1993), ultimately leading to 
toxic hydrogen sulphide (H2S) production.  H2S can also be precipitated from metal 
ions in the sediment, but this pathway represents only a small portion of production 
(Middelburg & Levin, 2009). 
 
Gracilaria spp. cover can also induce periods of anoxia, subsequent reduction in 
aRPD depth and the development of hydrogen sulphide as the consequence of 
anaerobic OM decomposition (Hale et al., 2016). Where highest Gracilaria spp. 
cover was observed (site 7),  Beggiatoa spp., a filamentous bacteria that lives at the 
transition zone between oxygen and H2S (Jørgensen & Revsbech, 1983), formed 
visible surface patches.  Beggiatoa spp. can anaerobically reduce sulphide, 
influencing production (Jørgensen, 1977a; Jørgensen & Revsbech, 1983).  It is 
unlikely that site 7 had completely reduced to toxic sulphidic conditions, as 
macrofaunal organisms were still present (albeit in reduced numbers and diversity), 
namely species tolerant to highly eutrophic conditions, e.g. Potamopyrgus 
estuarine and Oligochaeta spp. 
 
 Site specific changes in function 
Examining site specific changes in ecosystem functioning provides an important 
measure of the finer scale processes, which can give greater resolution to why and 
how changes are occurring across the entire eutrophication gradient (Hewitt et al., 
2007).  Net primary production (NPP) generally decreased across all sites, with the 
exception of sites 1 and 3, while sediment oxygen consumption (SOC) showed no 
general trend other than being most negative at site 7 (Table 3.7; Figure 3.5a).  OM 
enrichment and hypoxia strongly influence the fluxes of dissolved oxygen (DO), 
ammoniacal nitrogen (NH4
+-N), dissolved reactive phosphorus (PO4
3--P) and 
nitrate and nitrite (in combination, NOx-N), but different processes can result in 
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efflux or influx of solutes at the sediment-water interface (Hale et al., 2016).  
Therefore, the supply of OM and the availability of oxygen are key factors that 
govern nutrient recycling (Glud, 2008; Meyer et al., 2015).  In the current study, at 
the less impacted end of the gradient, light chamber NPP was in efflux, and as the 
gradient increased, there was a switch where the system’s oxygen demand 
outweighed microphytobenthos oxygen production (Figure 3.5a). 
 
 Patterns in dissolved oxygen and gross primary productivity 
DO fluxes are linked between the balance of oxygen production from 
microphytobenthos (MPB) and oxygen consumption from the respiring 
macrofaunal community (Glud, 2008).  The least impacted site, site 1, had the 
greatest number of Austrovenus stutchburyi, lower NPP and greater SOC than site 2 
(Figure 3.5a).  This result is consistent with that of Sandwell et al. (2009), who 
manipulated the in-situ density of adult A. stutchburyi (from 20 to 2000 ind. m-2).  
Sandwell et al. (2009) found an almost three-fold increase in SOC in light and dark 
chambers due to the increased demand for oxygen via respiration.  The densities of 
A. stutchburyi in the current study (based on the upscaling of ten 0.013 m-2 
macrofauna cores per site) were 6,720 and 360 individuals m-2 (site 1 and 2 
respectively).  However, it is important to note, that while I observed greater 
densities, 98% of these organisms were juveniles (<10 mm shell length).  Between 
site 1 and site 2 there was an almost three-fold reduction in the rate of dark chamber 
SOC (Figure 3.5a), which is almost exactly that of Sandwell et al. (2009) despite 
the greater abundance of A. stutchburyi we observed in the current study.  This 
result highlights the differences between the effects of juvenile and adult 
A. stutchburyi, where the respiration of abundant juveniles is substantially less than 
respiration of fewer adults (Peters, 1983; Norkko et al., 2013). 
 
Thrush et al. (2006) found that removing A. stutchburyi from an otherwise 
undisturbed sand flat with a similar grain size increased microphytobenthic biomass.  
This is because A. stutchburyi bulldozes through the surface sediment layers 
preventing biofilm establishment.  However, this was not observed in the current 
study, where chl a content and A. stutchburyi both decreased from site 1 to site 2.  
These results better agree with Jones (2011) and Sandwell et al. (2009) who found 
an increase in MPB (indicated by chl a content) with an increase in A. stutchburyi 
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density.  Thrush et al. (2006) also demonstrated that the removal of large M. liliana 
resulted in the decrease of MPB standing stock, which is consistent with the current 
study, where after site 3, M. liliana were absent and chl a decreased by 50% 
(Figure 3.3; Table 3.1).  When GPP was normalised by chl a, this resulted in an 
increase in site 2 GPPchl a relative to sites 1 and 3 (Figure 3.5 a and b); indicating an 
increased photosynthetic efficiency rather than biomass, possibly linked to light 
conditions on the sampled days.  While site 2 was taxonomically as rich as site 1 
(Table 3.4), fewer individual organisms were present, which was reflected in the 
higher light chamber NPP (Figure 3.5a), as there a fewer organisms to consume 
oxygen.  Although this was not measured, there could be an additional influence of 
macrofaunal biomass, as larger organisms respire at a greater rate than smaller 
organisms (Hewitt et al., 1997). 
 
Relevant to this section are the processes that alter the aRPD depth (see 
section 4.2.1).  Site 4, where there was a step up in the eutrophication gradient, 
showed sediment oxygen influx in both light and dark chambers (Figure 3.5a), 
likely due to the increased Paracorophium spp. density.  These organisms construct 
U-shaped burrows in the sediment (i.e. burrows that start and end at the sediment-
water interface) and encourage the drawdown of oxygen through constant burrow 
ventilation using their pleopods (Moller & Riisgard, 2006).  The related genus 
Corophium have a large burrow size relative to biomass, further encouraging high 
irrigation activity (Henriksen et al., 1983).  Pelegri and Blackburn (1994) report the 
burrowing depth of C. volutator to be between 20 to 60 mm in depth, which is 
within the range of oxygen penetration at site 4 of up to 31 mm (Table 3.1).  A study 
by Pelegri et al. (1994) established a gradient of 0 to 19,800 C. volutator m-2 
(comparable to the 18,770 Paracorophium spp. m-2 at site 4), and found that DO 
uptake doubled across this gradient due to the mass transfer and pumping of water.  
The oxygen consumption partially derives from C. volutator respiration during this 
continuous activity (Pelegri & Blackburn, 1994).  Site 4 had half the amount of 
MPB compared to sites 1 to 3, combined with the large abundance of respiring 
Paracorophium spp., but also had the deepest aRPD depth (Table 3.1).  This is 
unusual given areas of deeper aRPD depth are generally associated with more 
productive sediments (Hale et al., 2016; Douglas et al., 2018). 
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Nitrification in sediments is an aerobic process that can consume a significant 
quantity of DO in the sediments and influence the balance between anaerobic and 
aerobic heterotrophy (Henriksen & Kemp, 1988).  Paracorophium spp. may be 
fuelling this process and will be discussed in section 4.3.2.3. 
 
 Patterns in nutrient fluxes 
Three nutrient species were measured as part of this study: namely ammoniacal 
nitrogen (NH4
+-N), dissolved reactive phosphorus (PO4
3--P), and nitrate-plus- 
nitrite (NOx-N).  Ammoniacal nitrogen encompasses two forms of nitrogen 
(ammonia; NH3, and ammonium; NH4
+) and is the most readily utilised nitrogen 
species globally in terrestrial, freshwater and marine domains (Stief, 2013).  
NH4
+-N can derive from direct land use runoff, but also from the rapid 
ammonification of particulate organic nitrogen within oxic and anoxic layers of 
sediment (Stief, 2013).  PO4
3--P represents the pool of dissolved reactive 
phosphorus which is essential for algal growth.  In oxic sediments, PO4
3--P is bound 
to iron oxides, however when iron oxides are reduced under anoxic conditions, 
PO4
3--P can be released from the sediments (Levin et al., 2009).  NOx-N (nitrite; 
NO2
-, and nitrate; NO3
-) is a highly soluble molecule that derives from the leaching 
of soil into waterways, but can be produced through the oxidation of ammonium 
through nitrifying bacteria (Stief, 2013). 
 
 Ammoniacal nitrogen 
Although no clear pattern in NH4
+-N flux was noted between sites (Figure 3.6a), 
each site showed a flux from the sediment to the overlying water column.  Given 
the differences in community structure and abundance/presence of differing key 
bioturbating species, this non-linear pattern is unsurprising.  For example, Site 1 
had the greatest density of A. stutchburyi and the largest NH4
+-N efflux across 
sites 1 to 5 (Figure 3.6a).  Sandwell et al. (2009) noted a 5.9 to 6.9 times increase 
in NH4
+-N efflux with an increase in A. stutchburyi densities.  In the current study, 
between sites 1 and 2 there was a 4.8 times increase in dark chamber NH4
+-N efflux 
(Table 3.7), which is slightly lower than that of Sandwell et al. (2009).  This 
increase is primarily through excretion and indirectly by depositing organic rich 
faeces and pseudofaeces (Sandwell et al., 2009).  Biodeposits (faeces and 
pseudofaeces) are organic rich particles and sites of high microbial activity that can 
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affect the distribution of solutes in surrounding sediments (Kristensen, 1988).  
Biodeposits from suspension feeding clams, particularly influence the oxic 
environment, as this is where excretion occurs, compared to deposit feeders that 
excrete at depth (Thrush et al., 2006).  The reduction in species abundance at site 2 
(50% lower compared to site 1; Figure 3.3) likely contributed to a reduction in 
NH4
+-N efflux.  These results are contrary to Thrush et al. (2006), who found that 
the removal of A. stutchburyi had no impact on NH4
+-N and DO in dark chambers. 
 
Hale et al. (2016) recognised that a feedback loop is created where Gracilaria spp. 
periodically smothers the sediment, causing low DO levels or anoxic conditions 
(Levin et al., 2009).  In low DO conditions, coupled nitrification-denitrification 
reactions can be inhibited, which increase the NH4
+-N efflux, in turn fuelling 
phytoplankton growth (Middelburg & Levin, 2009).  If the quantity, quality and 
spatial distribution of OM (in this case Gracilaria spp.) regulates benthic nutrient 
fluxes (Herbert, 1999), then due to the high content and deposition of OM at site 6 
and 7 (Table 3.1), there may have been a shift in the dynamics of solute 
fluxes (Figure 3.6).  Anoxia and decomposition of Gracilaria spp., other organic 
matter and the subsequent decomposition of macrofauna, is likely influencing the 
NH4
+-N efflux, which was highest at site 7 (Figure 3.6a).  Hale et al. (2016) found 
that in hypoxic areas, ammonium was released into the overlying water column at 
a rate two to three times faster than in the corresponding oxygenated sediments.  
These results agree with the current study, where NH4
+-N efflux at site 7 was 2.6 
times greater than the next highest efflux from oxygenated sediment (site 1) 
(Table 3.7). 
 
 Phosphorous 
Hale et al. (2016) demonstrated that in hypoxic conditions PO4
3--P efflux followed 
NH4
+-N with a two to threefold increase.  This also relates to my findings where 
PO4
3--P efflux was two times greater at site 7 compared to the next highest PO4
3--P 
efflux at site 4 (Figure 3.6b).  When sediments are oxygenated, PO4
3--P is tightly 
bound to iron oxides, but under anoxic conditions, PO4
3--P is reduced and can be 
rapidly released to the water column, as seen at site 7 (Middelburg & Levin, 2009).  
However, PO4
3--P was released from sediments at all sites with the exception of 
sites 2 and 5 (Figure 3.6b).  The oxygenation of sediment from macrofaunal 
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bioturbation therefore influences PO4
3--P retention, as PO4
3--P is readily absorbed 
to ferric iron in oxic pore waters (Karlson et al., 2007). 
 
 Nitrate and nitrite 
Only site 4 demonstrated a net efflux of NOx-N (Figure 3.6c), with all other sites 
showing uptake of NOx-N to some degree.  The high density of burrow building 
Paracorophium spp. at site 4 provided greater surface area and burrow ventilation. 
The relatively low NH4
+-N (Fig 3.6a) flux indicate ammonification and subsequent 
nitrification (NOx-N release).  These results are consistent with Henriksen et al. 
(1983); Pelegri and Blackburn (1994); Moraes et al. (2018) who found that high 
densities of Corophium spp. (a functionally similar genus), increased the flux of 
NO3
- to the water column through facilitating nitrification. 
 
The burrow walls of C. volutator have shown significantly higher potential 
nitrification rates than the corresponding oxic sediment layer (Henriksen et al., 
1983).  Because of the U-shaped burrows and irrigation behaviour, bottom water 
containing dissolved NH4
+-N is continuously pumped through the burrows to areas 
where NOx-N and O2 electron acceptors are typically depleted (Kristensen, 2000).  
Nitrification is thus promoted and NOx-N that does not undergo reduction or 
denitrification is flushed into the water column, increasing the NOx-N flux and 
decreasing the NH4
+-N flux as NH4
+-N is sequestered via nitrification.  The lower 
flux of NH4
+-N at site 4 is also consistent with the static experiments of Biles et al. 
(2002), as suspension feeders reduce the particulate matter in the water column, 
which decreases the organic matter available to microbes, reducing ammonification.  
However, Emmerson et al. (2001) also showed that increasing densities of 
C. volutator can increase NH4
+-N flux rates. 
 
At site 6, the greatest influx of NOx-N was observed (Figure 3.6c).  This influx may 
be for the purpose of anaerobic microbial nitrate oxidation to manganese in order 
to further complete the degradation of OM.  Also potentially contributing to the 
influx of NOx-N at site 6 is the dissimilatory nitrate reduction to ammonium 
pathway (DNRA), which can occur in anoxic sediments, and converts NO3
- to NO2
- 
and then NO2
- to NH4
+ (McCarthy et al., 2008).  In anoxic environments, DNRA 
inhibits denitrification, which could explain the large influx of NOx-N at site 6.  This 
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has implications for site 7, which had the highest organic content, and contrary to 
site 6, had the lowest NOx-N influx and a high NH4
+-N. 
 
In a study by Kamp et al. (2011) on the diatom Amphora coffeaeformis, they show 
that in dark and anoxic conditions, A. coffeaeformis consumes NO3
- and produces 
NH4
+, while in light and oxic conditions, NH4
+ was not produced.  This 
demonstrates that diatoms in the dark and anoxic environment not only act to store 
NO3
-, but also facilitate DNRA through their storage of NO3
- (Kamp et al., 2011).  
This research supports the hypothesis that at site 7, where Gracilaria spp. prevents 
light penetration and hypoxia is frequent, diatoms may be using their stores of NO3
-, 
which is reflected in a low NOx-N uptake, and subsequently a higher NH4
+-N 
release (Figure 3.6c).  However, it is also possible that the redox environment 
exceeded that of nitrate reduction, and is progressing through the redox profile of 
available electron acceptors, becoming more sulphidic. 
 
 Multifunctional observations 
Combining nutrient species (NH4
+-N, PO4
3--P and NOx-N) in to one overall 
multifunctional measure (Figure 3.7) clearly shows that as eutrophication increased, 
the variability in function, particularly for sites 6 and 7 showed increased variability 
between chambers.  Increased variability of this nature has been shown to indicate 
the onset of tipping point thresholds.  This is where sudden and dramatic changes 
are seen, potentially moving the system to an alternative state (Hewitt & Thrush, 
2019).  Tipping points are not necessarily related to abrupt changes in a driver, but 
in the case of Waihī Estuary where nutrient and sediment inputs have been 
consistent for the previous 90 years, can also represent cumulative effects (Hewitt 
& Thrush, 2019).  This is evident from the overlain vectors (Figure 3.7) showing 
that the increased variance between chambers at each site was explained by 
differences in OM, mud content, chl a and porosity. 
 
 Ecosystem level changes in function 
Examination of the site by site differences in flux rates has reinforced that benthic 
intertidal habitats are a complex interconnected heterogeneous matrices of structure 
and function (Herman et al., 1999; Lohrer et al., 2004; Thrush et al., 2012).  
Heterogeneity is a functionally important component of ecological systems (Thrush, 
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1991; Legendre, 1993; Archambault & Bourget, 1996) and in most cases results 
from non-random processes (Thrush et al., 1999).  Ecological processes operate 
over a continuum and across scales of both space and time (Hewitt et al., 2007).  
Furthermore, local relationships (i.e. site level scale) may or may not reflect the 
broad scale relationships observed across the entire eutrophication gradient (Hewitt 
et al., 2007). 
 
To gain a more holistic understanding of the drivers of functioning at a system level, 
data from all sites along the gradient were integrated.  By assimilating all seven 
sites in Multivariate Distance based Linear Models (DistLM), we can gain a better 
understanding of how small-scale processes influence change over an increasing 
spatial extent.  In all cases, organic matter content was fitted first to the models, as 
by definition, eutrophication is the ecological response to the increased supply of 
OM content (Nixon, 1995).  OM content in all models (with the exception of 
NOx-N), significantly contributed towards explaining the variation and patterns in 
SOC, GPPchl a, NH4
+-N, and PO4
3--P. 
 
OM content was highly positively correlated to mud %, reflecting movement from 
an advective (e.g., site 1) to a diffusion dominated (e.g., site 7) environment.  It is 
important to note that solute exchange in both advective and diffusive environments 
benefit from the behaviours of sediment dwelling organisms (primarily bioturbation 
and bioirrigation).  However, with increasing disturbance (OM and mud content 
increase) organism abundance and taxonomic richness declined.  In Waihī Estuary, 
there were fewer bioturbators living in the diffusive sediments, further contributing 
to differences in solute fluxes.  The following sections (4.5.1 to 4.5.3.3) relates to 
Table 3.9 and Table 3.10, and will discuss the physical and biological drivers that 
showed the greatest influence over this gradient. 
 
 Broad scale changes in dissolved oxygen  
From less impacted to degraded environments in Waihī Estuary, a number of 
different factors contributed to the consumption of oxygen.  In the less eutrophic 
environments, large fauna or fauna in high abundances can have significant 
influences in the drawdown of oxygen through respiration (Pelegri & Blackburn, 
1994; Lohrer et al., 2004; Sandwell et al., 2009).  DistLM results confirmed this by 
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the positive relationship between SOC (i.e., the demand of oxygen by the sediment) 
and Paracorophium spp., adult M. liliana and juvenile M. liliana.  These results 
suggest that animals less tolerant to OM enrichment, particularly large M. liliana 
(that explained twice the variation of juvenile M. liliana) are respiring significant 
amounts of oxygen, creating a higher oxygen demand.  This observation is most 
likely a function of biomass, as larger M. liliana respire more oxygen than the 
smaller biomass of juvenile M. liliana, and though Paracorophium spp. are small 
in size, they occurred in high densities.  Middelburg and Levin (2009) review that 
aerobic respiration processes typically represent 25% of sediment oxygen 
consumption and that under a reduced environment a large portion of SOC in 
coastal sediments is attributable to re-oxidation processes. 
 
SOC had a negative correlation with OM, and combined with chl a, explained the 
largest portion of the variance.  As OM increased, particularly towards the more 
eutrophic end of the spectrum, chl a also increased which may indicate that excess 
OM derived from primary producers.  The microphytes and algae that make up chl a 
will (in the dark) respire to consume oxygen, further contributing to SOC.  
Middelburg and Levin (2009) also indicate that as hypoxia increases along with the 
accumulation of OM, the OM that is buried is less degraded.  This further shows 
that these hypoxic regions likely comprise labile chl a biomass, hence why phaeo 
(a degradation product of chl a) is not present in the DistLM model. 
 
It would be expected that a positive relationship between OM and SOC would exist, 
however the negative relationship may be a reflection of the interactive effect of 
species loss from the system.  Remineralisation of OM in the sediment increases 
the demand for oxygen, this can result in the mortality of macrofauna.  As DO levels 
decrease (followed by macrofauna) a transition involving a number of geochemical 
and biological shifts alters the way oxygen is consumed (Rabalais et al., 2014).  
Eutrophication can stimulate microbial oxygen consumption in the lower water 
column.  Therefore, there is most likely an interaction between the respiration of 
macrofauna and microbial remineralisation. 
 
As discussed in section 4.3.2.1, Gracilaria spp. can act as a cap over the sediment, 
reducing sediment oxygen exchange and impacting species abundance.  Lewis and 
DeWitt (2017) showed that the cockle Clinocardium nuttallii mortality increased 
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by up to 50% in the presence of drifting algal mats which the cockles cannot evade 
through lateral movement.  Sediment capped by algal mats may also lead to hypoxia, 
particularly during the warm summer months in which we sampled.  Miyamoto et 
al. (2017) demonstrated that the effects of drifting algae on clam survival are 
temperature dependent, with warmer waters increasing the thickness and cover of 
the macroalgae. 
 
 Broad scale changes in gross primary productivity 
The variation in GPPchl a, a measure of photosynthetic efficiency, was explained 
almost equally by two variables; the first being a negative relationship with OM.  
Chl a represents a labile component of OM and is frequently used as a proxy for 
MPB biomass (Sandwell et al., 2009; Jones, 2011).  However, as OM enrichment 
in the system increases, the biomass of MPB can decrease (Pratt et al., 2014b).  
Higher suspended sediment concentration (turbidity) in the water column is 
associated with an increase in fine sediments (correlated to OM), which can 
decrease light penetration to the bed (Kirk, 2010).  Although eutrophic regions in 
Waihī Estuary had the highest chl a biomass, the chl a in these areas were less 
photosynthetically efficient at producing oxygen due to increased sediment input 
and reduced light penetration to the sediment bed.  Pratt et al. (2014b) observed a 
three-fold reduction in NPP with increasing fine sediments; therefore reducing GPP 
and supporting the results of the current study. 
 
Paracorophium spp. explained a large portion of the variance in GPPchl a and was 
negatively correlated.  As demonstrated by our results and observations of 
Henriksen et al. (1983); Pelegri et al. (1994); Moraes et al. (2018), the high density 
and activity of Paracorophium spp. results in a significant bioturbational effect that 
can consume or promote the burial of MPB, therein reducing benthic primary 
production.  With coarser grain sizes, the burial of MPB has less of an effect 
compared to finer grain sizes, as larger grains promote greater light attenuation 
though larger interstitial space (Kuhl et al., 1994).  Paracorophium spp. in our study 
were dominant in fine to medium sand sediments, although a relatively high 
proportion of mud was also present.  A study by Moller and Riisgard (2006) found 
that in both laboratory and in-situ experiments, Corophium volutator changed 
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feeding behaviour from suspension feeding to surface deposit feeding when chl a 
concentrations were low; conditions similar to site 4. 
 
 Broad scale changes in nutrients 
 Ammoniacal nitrogen 
Playing an important part in altering NH4
+-N concentration across Waihi estuary 
were three variables explaining 89% of the variance overall.  Physical variables, 
namely OM and phaeophytin, explained the largest portion of NH4
+-N flux, 
followed by A. stutchburyi.  In eutrophic, often oxygen deficient sediments NH4
+-N 
is released due to less efficient nitrification pathways, i.e. less of the ammonium 
produced is re-oxidised (Middelburg & Levin, 2009).  These findings are consistent 
with McCarthy et al. (2008) who found that DNRA was significantly higher in 
hypoxic sediments, furthering the release of NH4
+-N by five to sevenfold through 
the absence of NH4
+ cation exchange.  Although a very different system to my study, 
Jäntti and Hietanen (2012) showed that DNRA dominates in anaerobic sediments 
of the Baltic Sea where nitrogen is not removed from the system, but instead is 
recycled; releasing, bioavailable NH4
+-N and exacerbating the cycle of 
eutrophication. 
 
Biological control of NH4
+-N fluxes across the gradient was primarily driven by 
A. stutchburyi density.  This relationship followed a negative trend, which was not 
observed at the site by site scale, and is opposite to the findings of Sandwell et al. 
(2009); Murphy et al. (2019).  This highlights that, when examining the pattern 
across a gradient of change, interaction effects between both the sedimentary and 
biotic drivers should be considered.  Increases in A. stutchburyi density and 
increased eutrophication both result in greater NH4
+-N efflux.  However, 
eutrophication simultaneously drives A. stutchburyi densities down whilst 
simultaneously enhancing NH4
+-N efflux.  Therefore, if the NH4
+-N efflux, caused 
by increased eutrophication, outweighs the positive effect A. stutchburyi has on 
NH4
+-N efflux, then the resultant relationship between NH4
+-N and A. stutchburyi 
becomes negative.  In the marginal tests, A. stutchburyi was not statistically 
significant, which may further indicate the aforementioned interactions are 
occurring. 
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 Phosphorus 
PO4
3--P was partially explained by a decrease in  aRPD with increased 
eutrophication.  Shallowing aRPD layers links to the loss of key bioturbators, whose 
activity plays an important role in mixing the surficial sediments and enhancing the 
sediment-water interface for oxidative exchange (Meysman et al., 2006).  
Bioturbating fauna have been shown to increase the burial of organic phosphorus 
and Ca-P (Slomp et al., 1996).  However, our findings show a stimulation of PO4
3--P 
flux with increasing A. stutchburyi densities, which either points towards an un-
sampled variable that may be affecting this relationship, or an interaction between 
variables that requires further study. 
 
OM and phaeo explain a large portion of PO4
3--P variation and had the same 
positive relationship as NH4
+-N.  However, in this instance, phaeo explained a 
larger portion of the adjusted R2 than OM (50 and 34% respectively).  In oxic 
conditions PO4
3--P is bound to iron oxyhydroxides, but similarly with NH4
+-N, as 
OM enrichment increases and hypoxia becomes more frequent, the bond between 
PO4
3--P and iron oxyhydroxides is reduced and PO4
3--P is rapidly released from the 
sediments (Algeo & Ingall, 2007; Hale et al., 2016).  Though we did not measure 
organic phosphorus (P), the burial of PO4
3--P generally occurs in the form of organic 
P or as calcium bound to phosphate (Ca-P) (Conley et al., 2009a).  The processes 
involved in the transformation of organic P in estuaries is poorly understood 
(Watson et al., 2018).  However, redox conditions influence the burial of organic P 
and Ca-P, as hypoxia decreases Ca-P formation and the burial of organic P (Conley 
et al., 2009a).  Therefore, an increase in the expansion of hypoxic areas may 
enhance the pool of easily mobilised PO4
3--P, setting up a positive feedback loop as 
eutrophic environments contribute to limited nutrient sequestration and greater 
phosphorus mobilisation (Watson et al., 2018). 
 
Another potentially contributing factor to PO4
3--P efflux are specific strains of 
heterotrophic and mixotrophic bacteria, for example, rapidly growing protozoa 
(Herman et al., 1999), that exist in un-bioturbated sediments and excrete inorganic 
phosphorus at relatively high rates (Fenchel et al., 2012).  Due to the high surface 
area to volume ratio of finer grain sizes, bacterial biomass is also likely to be higher 
in eutrophic areas such as the upper reaches of Waihī Estuary.  This warrants further 
study. 
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 Nitrite and nitrate 
There were three key drivers of NOx-N, two sedimentary and one biological.  The 
depth of oxygen penetration into the sediments (shown by aRPD) enhanced the 
efflux of NOx-N, and chl a was also associated with an increase in NOx-N.  This is 
consistent with the site by site scale observations, where the pool of NOx-N in 
anoxic sediments was likely either reduced to manganese or denitrified. 
 
Ceratonereis spp. were shown to explain more variation in NOx-N (accounting for 
the lower R2 of NOx-N) than A. stutchburyi explained for the solute fluxes.  
Ceratonereis spp. is a nereid polychaete that is classified as a deep dwelling, freely 
mobile scavenger that can be tolerant to a wide range of mud content (Greenfield 
et al., 2016).  This is consistent with the current study, where Ceratonereis spp. 
were found across all sites at varying densities.  Ceratonereis spp. were negatively 
correlated with NOx-N, which indicates that in sites where Ceratonereis spp. are 
less common, NOx-N fluxes decrease.  Nereid polychaetes have been well 
recognised as important bioturbators that can alter biogeochemical pathways, 
particularly the cycling of nitrogen (Welsh, 2003; Bosch et al., 2015).  A related 
species, Ceratonereis aequisetis has been shown to increase denitrification rates 
(De Roach et al., 2002).  Burrowing polychaetes are often associated with the 
drawdown of the water column solutes (Shull et al., 2009; Quintana et al., 2011).  
In the case of NOx-N this can be nitrified and potentially quickly denitrified, as 
coupled nitrification-denitrification is often enhanced due to the strong oxic/anoxic 
boundaries along burrow walls (Kristensen et al., 1991).  Where larger NOx-N 
influxes were seen, Ceratonereis spp. were also present in relatively high densities. 
 
 Implications for Waihī Estuary 
If the primary stressors (i.e. sediment and nutrient loading, hypoxia) currently 
influencing Waihī Estuary continue to increase, further changes in ecosystem 
functioning are likely to occur.  Increasing OM content was a major contributing 
factor to ecological shifts in this study.  The increase in sediment oxygen demand 
associated with high OM loading indicates hypoxic (and potentially anoxic) 
conditions could expand, further altering system dynamics.  In association with a 
reduction in dissolved oxygen flux, ammoniacal nitrogen release would elevate.  
 60 
Dissolved reactive phosphorus follows this trend in reduced conditions.  The influx 
of nitrite and nitrate into the sediment may increase with eutrophic stress to a point, 
and would also vary depending on the abundance of opportunistic species.  Changes 
in community structure, reduced taxonomic richness and abundances as well as 
further loss of key species are likely to occur.  This may impact the functional 
resilience of this system if the spatial extent and severity of eutrophication extends 
further down the gradient. 
 
 Future work 
This study was a single comprehensive sampling effort performed in February 2018, 
during the height of New Zealand summer when light intensity, benthic primary 
productivity, and microbial and macrofaunal activities, were all likely at their 
annual peaks.  Abiotic and biotic factors are known to vary seasonally, influencing 
the structure of the macrofaunal community and thereby ecosystem functions 
(Sundback et al., 2000).  Waihī Estuary is particularly dynamic and has floating 
algal blooms that are not present all year round.  Having an experimental design 
that incorporates seasonal and multi-year trends in ecosystem function would 
further strengthen the study. 
 
Sampling naturally occurring gradients encompasses all the stressors that occur 
with eutrophication.  However, a lot of these stressors are highly correlated and 
interlinked.  Further research to tease apart which stressor(s), (e.g. OM enrichment, 
sedimentation, hypoxia and pH), are most acute in driving changes in ecosystem 
function would enhance our understanding of eutrophic systems.  This could be 
done by nesting manipulative studies within natural gradients (Hewitt et al., 2007).  
Furthermore, some of the lesser studied bioturbators flagged as important in my 
study (e.g. Paracorophium spp. and Ceratonereis spp.) could be targeted in 
experiments that alter density and stress in order to better understand their 
contribution to ecosystem function. 
 
My discussion also highlights the importance of the microbial realm, which is 
currently poorly understood; particularly the interactions between microbes and 
macrofauna.  The work presented in this MSc (Research) thesis forms part of a 
wider project examining the microbial functioning of Waihī Estuary sediments.  
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Further analysis of bacterial functioning may explain some of the trends previously 
discussed.  A more holistic view of the microbial processes may be established once 
denitrification fluxes and pore water nutrients (both collected from Waihī Estuary 
during this investigation) are analysed.  This will add to our understanding of the 
nutrient dynamics, nitrogen losses and pathways in these sediments.  Results from 
this study can provide a framework for other studies, as the effects of eutrophication 
are not limited to Waihī Estuary, but can be used to inform and evaluate the likely 
responses of other estuaries to eutrophication. 
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5 Chapter Five 
Conclusion 
I measured environmental variables, macrofaunal community structure and benthic 
solute fluxes at seven locations along a naturally occurring eutrophication gradient 
in Waihī Estuary.  Biotic and abiotic drivers were analysed firstly on a site by site 
basis to gain resolution of fine scale dynamics.  Non-metric distance based linear 
models were then employed to achieve the broader ecosystem scale of function 
across the spectrum of sites.  The key findings of this study were: 
 
− Benthic solute fluxes across Waihī Estuary varied spatially and in 
magnitude as a response of changes in the biological community structure 
to increased eutrophication and altered sediment conditions. 
 
− Initial increases in eutrophication had non-linear effects on the macrofaunal 
community structure and abundance, where key large bioturbators were lost 
first (Austrovenus stutchburyi and Macomona liliana), followed by an 
increase in select opportunistic species (Paracorophium spp. and 
Ceratonereis spp.) that had disproportional effects on nutrient cycling. 
 
− A shift in ecosystem functioning was seen at the upper reaches of Waihī 
Estuary (sites 6 and 7), where a three-fold increase in organic matter content 
coincided with a decrease in the macrofaunal taxonomic richness and 
abundance.  This impacted ecosystem functioning by lowering dissolved 
oxygen concentrations, increasing NH4
+-N and PO4
3--N efflux and greater 
NOx-N influx. 
 
While this study cannot make specific suggestions on how to manage 
Waihī Estuary, it is certainly evident that, in order to lessen the negative effects of 
eutrophication, mitigation strategies are required to protect the functioning of this 
estuary.  Reducing terrestrial input of sediments and nutrients, as well as monitoring 
the downstream effects of these stressors would prevent further degradation and 
over time may restore function. 
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Appendices 
Appendix 1 
Table A.1: SIMPER analysis (Bray-Curtis similarity) of square-root transformed 
macrofauna data comparing all other SIMPER analyses of sites not included in section 3.2.  
Percentage dissimilarity between sites and a listing of the species collectively contributing 
to 50% of the dissimilarity between specific pairs of sites. Average abundance of the key 
species, their percent contribution to cumulative dissimilarity, and the dissimilarity to 
standard deviation ratio (Diss/SD) are also given. 
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1 & 2  52.61 Site 1 Site 2    
 Austrovenus stutchburyi  9.32 1.90 8.08 15.37 6.72 
 Prionospio aucklandica  5.03 0.10 5.37 10.21 6.50 
 Colurostylis lemurum  0.20 4.80 4.93 9.37 1.86 
 Paphies australis  0.47 3.46 3.35 6.37 1.77 
 Ceratonereis spp.  5.90 3.19 2.97 5.65 2.88 
  Austrominius modestus  2.91 0.51 2.71 5.15 1.42 
1 & 6  75.78 Site 1 Site 6    
 Austrovenus stutchburyi  9.32 0.10 11.63 15.35 7.88 
 Paracorophium spp.  0.1 8.01 9.89 13.05 6.75 
 Prionospio aucklandica  5.03 0.10 6.21 8.20 6.11 
 Macomona liliana  3.95 0.00 4.97 6.56 6.44 
 Anthritica bifurca  0.00 3.91 4.85 6.40 3.65 
  Austrominius modestus  2.91 0.00 3.62 4.78 1.71 
2 & 3  68.75 Site 2 Site 3    
 Prionospio aucklandica  0.10 11.27 13.23 19.24 7.32 
 Colurostylis lemurum  4.80 0.00 5.60 8.15 1.99 
 Microspio maori  3.81 0.20 4.28 6.22 5.22 
 Paphies australis  3.46 0.00 4.08 5.94 1.92 
 Anthropleura aureoradiata 1.06 4.48 3.95 5.75 1.95 
  Austrovenus stutchburyi  1.90 5.03 3.70 5.38 3.17 
2 & 4  72.14 Site 2 Site 4    
 Paracorophium spp.  1.34 15.24 18.35 25.44 3.72 
 Colurostylis lemurum  4.80 0.10 6.10 8.45 1.94 
 Microspio maori  3.81 0.17 4.85 6.72 4.14 
 Paphies australis  3.46 0.00 4.54 6.30 1.91 
  Edwardsia  2.73 0.00 3.59 4.98 3.42 
2 & 5  71.92 Site 2 Site 5    
 Paracorophium spp.  1.34 7.63 10.39 14.45 2.20 
 Colurostylis lemurum  4.80 0.00 7.62 10.60 2.03 
 Microspio maori  3.81 0.00 6.22 8.65 5.33 
 Paphies australis  3.46 0.00 5.58 7.76 1.88 
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 Edwardsia  2.73 0.00 4.41 6.14 3.37 
  Oligochaeta  3.97 2.08 3.75 5.21 1.30 
2 & 6  73.01 Site 2 Site 6    
 Paracorophium spp.  1.34 8.01 9.93 13.6 3.22 
 Colurostylis lemurum  4.80 0.00 6.96 9.54 2.01 
 Anthritica bifurca  0.10 3.91 5.57 7.63 3.39 
 Paphies australis  3.46 0.00 5.09 6.97 1.89 
 Microspio maori  3.81 1.10 4.05 5.55 3.26 
 Edwardsia  2.73 0.00 4.02 5.51 3.39 
  Macomona liliana  2.60 0.00 3.86 5.28 6.10 
2 & 7  85.83 Site 2 Site 7    
 Colurostylis lemurum  4.80 0.00 10.15 11.83 2.13 
 Microspio maori  3.81 0.00 8.38 9.76 5.41 
 Paphies australis  3.46 0.00 7.47 8.70 1.87 
 Oligochaeta  3.97 2.39 6.00 6.99 1.64 
 Edwardsia  2.73 0.00 5.92 6.89 3.51 
  Macomona liliana  2.60 0.10 5.47 6.38 4.91 
3 & 4  66.50 Site 3 Site 4    
 Paracorophium spp.  0.00 15.24 18.96 28.51 4.76 
 Prionospio aucklandica  11.27 2.78 10.55 15.86 4.73 
  Anthropleura aureoradiata 4.48 0.20 5.25 7.89 2.49 
 Austrovenus stutchburyi 5.03 2.48 3.19 4.8 2.78 
3 & 5  81.92 Site 3 Site 5    
 Prionospio aucklandica  11.27 0.57 16.21 19.79 5.72 
 Paracorophium spp.  0.00 7.63 11.58 14.14 3.15 
 Anthropleura aureoradiata 4.48 0.00 6.63 8.09 2.79 
 Austrovenus stutchburyi  5.03 0.91 6.25 7.63 4.49 
  Aonides trifida  3.44 0.00 5.22 6.37 3.46 
3 & 6  80.76 Site 3 Site 6    
 Prionospio aucklandica  11.27 0.10 15.5 19.19 6.94 
 Paracorophium spp.  0.00 8.01 11.09 13.73 6.7 
 Austrovenus stutchburyi  5.03 0.1 6.88 8.52 5.73 
 Anthropleura aureoradiata 4.48 0.00 6.09 7.54 2.76 
  Macomona liliana  3.77 0.00 5.27 6.52 5.14 
3 & 7  91.68 Site 3 Site 7    
 Prionospio aucklandica  11.27 0.00 22.35 24.38 9.02 
 Austrovenus stutchburyi  5.03 0.20 9.66 10.54 5.55 
 Anthropleura aureoradiata 4.48 0.10 8.44 9.21 2.86 
  Macomona liliana  3.77 0.10 7.37 8.04 4.57 
4 & 5  50.20 Site 4 Site 5    
 Paracorophium spp.  15.24 7.63 13.30 26.49 1.91 
 Macomona liliana  3.55 0.40 5.58 11.11 3.13 
 Capitella  0.10 2.82 4.71 9.39 2.63 
  Prionospio aucklandica  2.78 0.57 4.00 7.96 1.79 
4 & 6  52.90 Site 4 Site 6    
 Paracorophium spp.  15.24 8.01 11.36 21.47 1.89 
 Macomona liliana  3.55 0.00 5.68 10.74 3.94 
 Prionospio aucklandica  2.78 0.10 4.29 8.10 2.52 
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 Ceratonereis spp.  1.53 3.93 3.81 7.20 1.91 
  Austrovenus stutchburyi  2.48 0.10 3.80 7.18 3.18 
4 & 7  88.85 Site 4 Site 7    
 Paracorophium spp.  15.24 0.34 35.51 39.97 5.33 
 Macomona liliana  3.55 0.10 8.48 9.55 3.37 
  Scolecolepides benhami  2.98 0.00 7.19 8.09 4.90 
5 & 6  47.04 Site 5 Site 6    
 Anthritica bifurca  0.71 3.91 6.57 13.96 2.12 
 Ceratonereis spp.  1.39 3.93 5.02 10.66 2.04 
 Paracorophium spp.  7.63 8.01 4.73 10.07 1.46 
 Capitella  2.82 0.90 3.92 8.34 1.79 
 Oligochaeta  2.08 2.13 3.19 6.78 1.24 
  Nicon aestuariensis  0.30 1.60 2.71 5.77 2.01 
5 & 7  83.29 Site 5 Site 7    
 Paracorophium spp.  7.63 0.34 26.86 32.25 2.97 
 Capitella  2.82 0.00 10.12 12.15 3.29 
  Oligochaeta  2.08 2.39 7.88 9.46 1.15 
6  & 7 81.12 Site 6 Site 7    
 Paracorophium spp.  8.01 0.34 22.83 28.14 6.20 
 Anthritica bifurca  3.91 0.00 11.44 14.10 4.55 
  Ceratonereis spp.  3.93 0.89 8.89 10.96 2.62 
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Table A.2: DistLM marginal tests for response variables not included in sequential tests of 
SOC, GPPchl a, dark chamber NH4+-N, dark chamber PO43--P and dark chamber NOx-N in 
section 3.5.1.  OM: organic matter content, chl a: chlorophyll a, phaeo: phaeophytin, 
aRPD: apparent redox discontinuity potential, Por: porosity, SOC: sediment oxygen 
consumption, GPPChl a: gross primary productivity normalised by chlorophyll a, NH4+-N: 
ammonium, PO43--P: dissolved reactive phosphorus, NOx-N: nitrate-nitrite nitrogen. 
  Variable SS(trace) Pseudo-F P Prop. 
DO      
 Med GS 2.20 2.28 0.14 0.07 
 Mud % 7.54 9.56 <0.01 0.24 
 Por 6.41 7.76 0.01 0.20 
 Phaeo (µg/g) 13.09 21.47 <0.01 0.41 
 aRPD 13.11 21.50 <0.01 0.41 
 SW 0.84 0.83 0.36 0.03 
 N 3.46 3.75 0.04 0.11 
 S 5.37 6.25 0.02 0.17 
 A. stutchburyi <10 mm 0.49 0.48 0.47 0.02 
 A. stutchburyi >10 mm <0.01 <0.01 0.97 <0.01 
 Total A. stutchburyi 0.49 0.48 0.50 0.02 
 Total M. liliana 0.19 0.19 0.69 0.01 
 Paracorophium spp. 8.06 10.44 <0.01 0.25 
  Ceratonereis spp. 0.45 0.44 0.53 0.01 
GPPchl a      
 Med GS 14.64 26.15 <0.01 0.46 
 Mud % 11.32 16.97 <0.01 0.35 
 P 8.03 10.39 0.01 0.25 
 Chl a (µg/g) 12.31 19.38 <0.01 0.38 
 Phaeo (µg/g) 3.18 3.42 0.09 0.10 
 Gracilaria spp. 4.11 4.57 0.04 0.13 
 aRPD 0.28 0.27 0.60 0.01 
 SW 7.76 9.92 0.01 0.24 
 N 0.07 0.07 0.78 <0.01 
 S 6.10 7.30 0.01 0.19 
 A. stutchburyi <10 mm 3.25 3.50 0.07 0.10 
 A. stutchburyi >10 mm 0.02 0.01 0.91 <0.01 
 M. liliana <10 mm 0.37 0.36 0.56 0.01 
 M. liliana >10 mm 9.76 13.61 <0.01 0.31 
 Total A. stutchburyi 3.25 3.51 0.08 0.10 
 Total M. liliana 3.68 4.02 0.05 0.11 
  Ceratonereis spp. 0.85 0.84 0.37 0.03 
NH4+-N      
 Med GS 17.01 35.18 <0.01 0.53 
 81 
 Mud % 20.70 56.77 <0.01 0.65 
 P 17.38 36.84 <0.01 0.54 
 Chl a (µg/g) 7.41 9.35 0.01 0.23 
 Gracilaria spp. 24.80 106.84 <0.01 0.78 
 aRPD 15.84 30.40 <0.01 0.50 
 SW 2.82 3.00 0.11 0.09 
 N 4.15 4.61 0.03 0.13 
 S 9.34 12.78 <0.01 0.29 
 A. stutchburyi <10 mm <0.01 <0.01 1.00 <0.01 
 A. stutchburyi >10 mm 2.42 2.53 0.11 0.08 
 M. liliana <10 mm 0.92 0.91 0.34 0.03 
 M. liliana >10 mm 1.50 1.52 0.25 0.05 
 Total M. liliana 1.66 1.69 0.20 0.05 
  Ceratonereis spp. 0.13 0.13 0.73 <0.01 
PO43--P      
 Med GS 5.16 5.95 0.02 0.16 
 Mud % 6.28 7.58 0.01 0.20 
 P 4.08 4.53 0.06 0.13 
 Chl a (µg/g) 0.87 0.87 0.37 0.03 
 Gracilaria spp. 14.15 24.56 <0.01 0.44 
 SW 5.68 6.69 0.01 0.18 
 N <0.01 <0.01 0.99 <0.01 
 S 4.69 5.33 0.02 0.15 
 A. stutchburyi <10 mm 0.07 0.07 0.78 <0.01 
 A. stutchburyi >10 mm <0.01 <0.01 0.96 <0.01 
 M. liliana <10 mm 0.57 0.57 0.45 0.02 
 M. liliana >10 mm 0.48 0.47 0.52 0.02 
 Total M. liliana 0.06 0.06 0.81 <0.01 
 Paracorophium spp. 0.05 0.05 0.81 <0.01 
  Ceratonereis spp. 0.96 0.96 0.31 0.03 
NOx-N      
 Med GS 0.68 0.67 0.42 0.02 
 Mud % 0.34 0.33 0.55 0.01 
 P 0.17 0.17 0.69 0.01 
 Phaeo (µg/g) 0.57 0.56 0.46 0.02 
 Gracilaria spp. 0.42 0.42 0.51 0.01 
 SW 0.74 0.74 0.40 0.02 
 N 2.35 2.46 0.13 0.07 
 S 0.01 0.01 0.91 <0.01 
 A. stutchburyi <10 mm 0.16 0.15 0.72 <0.01 
 A. stutchburyi >10 mm 3.04 3.25 0.08 0.09 
 M. liliana <10 mm 3.52 3.83 0.06 0.11 
 M. liliana >10 mm 0.47 0.46 0.49 0.01 
 Total A. stutchburyi 0.22 0.22 0.66 0.01 
 Total M. liliana 2.96 3.16 0.09 0.09 
  Paracorophium spp. 1.57 1.60 0.20 0.05 
 
